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Abstract Molybdenum (Mo) is a key cofactor in enzymes used for nitrogen (N) fixation and nitrate
reduction, and the low availability of Mo can constrain N inputs, affecting ecosystem productivity.
Natural atmospheric Mo aerosolization and deposition from sources such as desert dust, sea-salt spray,
and volcanoes can affect ecosystem function across long timescales, but anthropogenic activities such
as combustion, motor vehicles, and agricultural dust have accelerated the natural Mo cycle. Here we
combined a synthesis of global atmospheric concentration observations and modeling to identify and
estimate anthropogenic sources of atmospheric Mo. To project the impact of atmospheric Mo on terrestrial
ecosystems, we synthesized soil Mo data and estimated the global distribution of soil Mo using two
approaches to calculate turnover times. We estimated global emissions of atmospheric Mo in aerosols
(<10 μm in diameter) to be 23 Gg Mo yr−1, with 40%–75% from anthropogenic sources. We approximated
that for the top meter of soil, Mo turnover times range between 1,000 and 1,000,000 years. In some
industrialized regions, anthropogenic inputs have enhanced Mo deposition 100-fold, lowering the soil
Mo turnover time considerably. Our synthesis of global observational data, modeling, and a mass balance
© 2021. American Geophysical Union.
All Rights Reserved.
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comparison with riverine Mo exports suggest that anthropogenic activity has greatly accelerated the Mo
cycle, with potential to influence N-limited ecosystems.

Plain Language Summary

Molybdenum (Mo) is an essential trace element that is, important
for terrestrial and aquatic ecosystems, as it is required for biological nitrogen fixation and uptake. Mo
is carried in particles to the atmosphere from sources such as desert dust, sea spray, and volcanoes
resulting in losses and sources to different ecosystems. Atmospheric Mo deposition is essential on long
time scales for soils which have lost Mo due to soil weathering, with consequences for nitrogen cycling.
Anthropogenic changes to the Mo cycle from combustion, motor vehicles, and agricultural dust, are likely
to be large, and have more than doubled sources of Mo to the atmosphere. Locally, anthropogenic changes
to Mo in industrialized regions can represent a 100-fold increase in deposition, and may affect nitrogen
cycling in nitrogen-limited ecosystems.

1. Introduction
Low bioavailability of molybdenum (Mo), an essential trace nutrient utilized as a cofactor in the nitrogenase enzyme that catalyzes biological nitrogen (N) fixation, can constrain N fixation in terrestrial (Dynarski
& Houlton, 2018) and freshwater ecosystems (Glass et al., 2012). N is a limiting nutrient across many ecosystems (e.g., LeBauer & Treseder, 2008; Vitousek & Howarth, 1991; Wang & Houlton, 2009), and in these
ecosystems N fixation can enable higher productivity and carbon (C) uptake (Houlton et al., 2008; Thornton
et al., 2009). Mo limitation of N fixation has been found in some boreal, temperate, and tropical ecosystems
(Perakis et al., 2017; Rousk et al., 2016; Silvester, 1989; Wurzburger et al., 2012), while not in other tropical
ecosystems (Wong et al., 2020a). In freshwater systems, Mo availability can also constrain N fixation, nitrate
uptake, and thus C assimilation in some lakes (Glass et al., 2012; Romero et al., 2013). Atmospheric deposition is a more important source of Mo than local bedrock weathering in some freshwater systems (Carling
et al., 2017). In the absence of Mo, many N-fixing bacteria can synthesize “alternative” vanadium (V) and
iron (Fe)-only nitrogenase isoforms (Darnajoux et al., 2019; McRose et al., 2017; Zhang et al., 2016). However, alternative nitrogenases show lower specific activity in laboratory experiments (Eady, 1996) and may be
less efficient for N fixation, and it is unknown how widespread their activity is in the environment. Natural
atmospheric deposition of Mo may be an essential source of Mo for ecosystems on long (>10,000 year) time
scales (Wong et al., 2020b), similar to long-range atmospheric inputs of phosphorus (P) to the Amazon
(Yu et al., 2015), but anthropogenic activity may be affecting the magnitude and distribution of Mo to the
atmosphere.
Both global emission estimates and local observations suggest large anthropogenic sources of atmospheric
Mo (Bozlaker et al., 2013; Hueglin et al., 2005; Nriagu & Pacyna, 1988), with previous syntheses estimating roughly equal contributions from anthropogenic and natural sources (Nriagu, 1989; Nriagu & Pacyna, 1988). Mo is used in alloys, lubricants, and catalysts, and can be a by-product of tungsten and copper
mining (NPCS, 2009). Other anthropogenic sources of Mo include petrochemical plants and fossil fuel
combustion (Boonpeng et al., 2017; Danadurai et al., 2011), mining facilities (Hernández-Pellón & Fernández-Olmo, 2019), and vehicles which release Mo through engine wear (Gonet & Maher, 2019), lubricating
oils (Alves et al., 2015), catalytic converters (da Silva et al., 2008; Dillner et al., 2005), and braking on roads
(Fujiwara et al., 2011; Hueglin et al., 2005).
Natural sources of atmospheric Mo such as desert dust, sea-spray aerosols, volcanoes, primary biogenic
particles, and wildfires (Nriagu, 1989; Wong et al., 2020b), may have different spatial distributions than
anthropogenic sources, such as combustion, vehicle-related emissions, and agricultural dust. In addition,
the higher solubility of many elements from anthropogenic aerosols due to their chemical and surface
associations, reactions during the combustion processes, higher carbon content, and smaller particle sizes
(Desboeufs et al., 2005; Jang et al., 2007; Sedwick et al., 2007; Voutsa & Samara, 2002) suggest that anthropogenic aerosols could impact ecosystems more rapidly than natural aerosols such as desert dust. For example, 15%–50% of the total Mo in coal fly is water-soluble (Izquierdo & Querol, 2012; Moreno et al., 2005).
Furthermore, atmospheric processing, such as interaction with sulphate plumes, can increase the solubility
of Mo, and may be associated geographically more with anthropogenic sources compared to natural sources
(Hsu et al., 2010; Meskhidze et al., 2005).
WONG ET AL.
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While the spatial distribution of natural atmospheric Mo deposition and its impact on long-term ecosystem function has been examined (Wong et al., 2020b), no previous studies have modeled anthropogenic
Mo sources or compared current deposition estimates with observational data. Natural atmospheric Mo
deposition has likely shaped ecosystem function across long timescales, but anthropogenic Mo may have
begun to accelerate Mo cycling in the past few decades. We present for the first time a synthesis of the
observational and modeling evidence for the anthropogenic perturbation in atmospheric Mo for PM2.5 and
PM10 (atmospheric particulate matter, PM, <2.5 and 10 µm in aerodynamic diameter, respectively), as well
as their spatial distribution, and discuss the potential impact of anthropogenic Mo on terrestrial ecosystems.
We focus on PM2.5 and PM10 because they are commonly measured in the atmosphere as well as included in
the model used here (Mahowald et al., 2014; Ryder et al., 2019).

2. Materials and Methods
2.1. Atmospheric Observations
2.1.1. Description of Atmospheric Observations
To synthesize observational atmospheric Mo data, we collected data from multiple observational networks
and sites that record particulate matter (PM) atmospheric concentrations, some of which include elemental and/or chemical speciation. Observations were taken using several different methods and span many
years as described in each paper for each set of observations (Figure 1; Data Set S1). From a compilation of
these observations (Supporting Information Supplementary Methods), we can both infer the sources from
a compositional analysis and by comparing observations against model predictions (Figure 1; Data Set S1).
We compiled observations of aerosols in both the PM2.5 and PM10 size categories (PM < 2.5 and 10 μm in
aerodynamic diameter, respectively) (Mahowald et al., 2011) when available. The most common method for
sample collection was by filter sampling, separating aerosols into PM2.5 and PM10. For Mo quantification,
X-ray fluorescence was most commonly used. Further methods and descriptions for each site, along with
other elemental data, total particulate matter, and chemical composition are discussed within the respective
studies (Figure 1; Data Set S1).
We focus on PM2.5 and PM10 because they are commonly measured in the atmosphere as well as included in
models because of the longer residence time of aerosols <10 µm, although there is evidence that the larger
particles can travel long distances as well (Mahowald et al., 2014; Ryder et al., 2019). Instead of measuring
PM10 and PM2.5, some stations measured coarse PM (PM10-2.5, mass of particles with aerodynamic diameters
between 2.5 and 10 μm) along with fine (PM2.5). If both fine and coarse modes were measured at a site, they
are summed and compared as if they were PM10 observations (Figure 1). Some observational networks or
sites were unable to quantify Mo if concentrations were lower than their detection limits. We note that there
are many sites, such as from the Interagency Monitoring of Protected Visual Environments (IMPROVE)
remote/rural network in the US, which focus only on PM2.5 (Hand et al., 2017, 2019), with less than 50% of
the Mo values above the detection limit (Figure 1).
For PM10 and PM2.5, samplers can differ in the sharpness of their size cutoff (Hand et al., 2019). For example,
comparisons between collocated sites from the US EPA and IMPROVE suggested that the coarse aerosol
mass (PM10-2.5) from the EPA sites were 10% higher than at IMPROVE sites, with a 28% difference between
these estimates (Hand et al., 2019). The correlation coefficient was 0.9 with a slope of 0.9, suggesting overall
a good agreement, although the different biases between samplers should be kept in mind while evaluating
Mo atmospheric concentrations both in the PM10 and PM2.5 size fractions (Hand et al., 2019).
While we focused on observational data for PM10 and smaller particles based on the size modes that
our model simulates, we also collected bulk/total atmospheric (dry and wet) deposition data (all particle sizes) in the supporting information (Figure S5) to compare to our model simulations. Bulk/total
atmospheric deposition also has an ecological impact as it includes all particles that can be distributed
to the atmosphere. However, we note that these data are not directly analogous to the model, and that
absolute dry and wet deposition rates are often difficult to measure robustly (Heimburger et al., 2012;
Prospero et al., 1996).
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Figure 1. (a) The number of molybdenum (Mo) concentration observations (PM10) and (b) the number of number of
Mo concentration observations (PM2.5) above the detection limit at each site. Observations collected at sites within a
2° × 2° grid box are compiled. Sites with no values above detection levels are represented by an “×.” For the sites that
measured coarse (PM10-2.5) and fine (PM2.5) observations instead of PM2.5 and PM10, we summed those observations
and categorized those sites as PM10. Details on the studies and methods are included in the supporting information
(Data Set S1) as well as the respective studies (Alastuey et al., 2016; Andreae et al., 2002; Atanacio & Cohen, 2020;
Barraza et al., 2017; Bozlaker et al., 2019, 2013; da Silva et al., 2008; DEFRA, 2020; Derimian et al., 2006; DFM and
WSP, 2020; Dongarrà et al., 2010, 2007; European Monitoring and Evaluation Programme, 2020; Fuzzi et al., 2007;
Gianini et al., 2012a, 2012b; Hand et al., 2017; C. Y. Hsu et al., 2016; Hueglin et al., 2005; Laing et al., 2014b, 2014a;
W. Maenhaut & Cafmeyer, 1998; W. Maenhaut et al., 1996a, 1996b, 1996c, 1997a, 1997b, 1999, 2000a, 2000b, 2002a,
2002b, 2005, 2008, 2011; Mkoma et al., 2009a, 2009b, 2009c; Morera-Gómez et al., 2018; Nyanganyura et al., 2007; Pérez
et al., 2008; J. P. Putaud et al., 2010, 2004; Rodríguez et al., 2015, 2011; Salma et al., 1997; Smichowski et al., 2004; Swap
et al., 2002; Vanderzalm et al., 2003; Van Dingenen et al., 2004; Virkkula et al., 1999; Xiao et al., 2014).

2.1.2. Analysis of Atmospheric Observations
Annual means of atmospheric observations at each site were calculated for all values above the detection
limit at each station and reported here. Because Mo concentrations are usually low in atmospheric aerosols
(<1 ng m−3), we considered whether we were biasing our results toward higher values because in some
cases, a large proportion of the data were below the detection limit. If more than 50% of values at a site were
reported as above the detection limit, we used one-third of the minimum detection limit for any samples
below the detection limit. However, if less than 50% of the data at a site were above the detection limit, we
excluded the data in our annual values. Instead, we included the data to calculate an upper bound using
WONG ET AL.
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their respective detection limits. Here, we present both the average values (that include more than 50% of
the values above the detection limit), as well as bounded values that include the upper bound of studies with
more than 50% of samples under the detection limit (Data Set S1).
In order to compare the model to observational data, records from the observations from different sites
were combined into a mean within a grid cell that was two times the model resolution, or 2° × 2°. This process averages the observations over a spatial scale appropriate for comparison with the model (Schutgens
et al., 2016). We used the same procedure to count the number of observations in each grid cell (Figure 1).
We conducted an additional analysis at stations from a network in Switzerland (Hueglin et al., 2005) using
compositional analysis (Qu et al., 2020). These sites were chosen because of the high spatial and temporal
resolution and clear detection limits. We processed the atmospheric concentrations of different elements
with the “compositions” package (R Core Team, 2018; van den Boogaart et al., 2014) which provides the
“acomp” function, transforming concentrations prior to a principal component analysis to create a biplot
(Figure S2). The outcome of this approach is a simple visual analysis of the similarities and differences
between the elemental content in PM over time or space, displaying the relative variation more readily and
allowing us to assess potential sources of Mo which may vary over space and time.

2.2. Atmospheric Modeling
We simulated atmospheric Mo emission, transport, and deposition in a new Mo module developed based
on the aerosol parameterizations within the Community Atmosphere Model, version 6 (CAM6), the atmospheric component of the Community Earth System Model (CESM) developed at the National Center for
Atmospheric Research (NCAR) (Hurrell et al., 2013; Liu et al., 2011; Scanza et al., 2015). Simulations were
conducted for 6 years, with the last 5 years (2007–2011) used for the analysis (Computational and Information Systems Laboratory, 2019). The model simulates three-dimensional transport and wet and dry deposition for gases and aerosols based on MERRA2 winds (Gelaro et al., 2017). The model included prognostic
dust, sea salts, black carbon, organic carbon, and sulphate aerosols in the default version using a modal
scheme (Liu et al., 2011). For this study, we added the ability to carry Mo. Between CAM5 and CAM6, the
size bounds of the coarse mode were reduced in the default version to better simulate stratospheric aerosols from volcanic eruptions. For this study, the coarse mode size was returned to the CAM5 size to better
simulate coarse mode aerosols. Note that we used a different model version (CAM6) than used in Wong
et al. (2020b) (CAM4), and thus the magnitude of natural sources changed compared to that study.
Uncertainties in source strengths were large for both the natural sources (desert dust, sea-salt aerosols,
volcanoes, primary biogenic particles, and wildfires) and the anthropogenic sources (combustion, braking,
and agricultural dust). Therefore, we included a range of values (typically a factor of 10) for the global total
based on the range in source Mo concentrations (Table 1). In some simulations, we also included a “high”
anthropogenic scenario to test if the model better explained the observational data (Table 1).

2.2.1. Desert Dust
For Mo in desert dust, we assumed a constant fraction of Mo (1.1 mg Mo kg−1) in dust reported by Wong
et al. (2020b), well within the range of the crustal abundance of Mo at 1–2 mg Mo kg−1 (Rudnick &
Gao, 2003; Taylor & McLennan, 1995) which is slightly lower than the 2–5 mg Mo kg−1 used in the review of
Nriagu (1989) (Table 1). In the CAM model, mineral dust is entrained into the atmosphere in unvegetated
dry, arid regions with easily erodible soils during strong near-surface wind events (Zender et al., 2003). The
Modal Aerosol Model (Liu et al., 2011) includes three size modes corresponding to the Aitken, accumulation, and coarse modes. We used the CAM5 mass median diameter and sigma as well as the edges of the
coarse mode instead of the CAM6 to better simulate the coarse mode and accumulation mode separately,
following Li et al. (2020). In each aerosol size mode, Mo was transported and deposited separately using the
size fractionation proposed by Albani et al. (2014). The default CAM6 model was modified to use the Kok
dust emission scheme (Kok et al., 2014a, 2014b) and tuned to a global mean global aerosol optical depth
(AOD) of 0.030 (Li et al., 2020) as suggested to better match observations (Ridley et al., 2016). The dust
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Table 1
Concentrations of Mo in Sources and Atmospheric Mo Budgets Based on Simulations From the Community Atmosphere Model (CAM) (v6)

Mo composition
(mg kg−1)

Source
Natural sources: dust

1.1 Mo/dust

Composition citation
Wong et al. (2020b)

Global source Mo
(Gg yr−1) [ranges]
(% fine)

Global source
Mo (Gg yr−1)
(Nraigu, 1989;
Nriagu &
Pacyna, 1988)

6.8 [3.3–33] (1)

0.12–2.5

Sea-salt aerosols

0.29 Mo/sea-salt aerosol

Wong et al. (2020b)

0.75 [0.38–3.8] (3)

0.01–0.43

Volcanoes

400 Mo/S

Nriagu (1989) and Wong et al. (2020b)

0.71 [0.35–3.5] (100)

0.04–0.75

Primary biogenic particles

1.0 Mo/PBP

Nriagu (1989)

0.49 [0.25–2.5] (10)

0.04–0.75

Wildfires

1,000 Mo/BC

Nriagu (1989)

0.02 [0.01–0.1] (81)

0.04–1.1
0.75–5.7

Anthropogenic sources: combustion (2010)

5,000 Mo/Fe

This study

11 [11–22] (49)

Braking (2010)

500 Mo/PM

This study

0.47 [0.47–4.7] (85)

Agricultural dust

2–5 Mo/agricultural dust

Table S3

2.8 [2.8–7.1] (1)

Note. The numbers in brackets represent the range of values, while in the parentheses in global source represent the percent (%) of the aerosols which are in
the fine mode (PM2.5).

emission, transport and deposition were all prognostic, varied with each time step, and included seasonality
(Kok et al., 2014b). We estimated Mo emissions from desert dust to be 6.8 Gg Mo yr−1, but with a large range
of 3.2–32 Gg Mo yr−1 due to the large uncertainty in both the dust budgets and the concentration of Mo in
dust (Table 1).
2.2.2. Agricultural Dust
Land-use dust from agricultural lands could also be a source of Mo, as the concentrations of Mo in soils
are likely enriched in agricultural lands from the addition of Mo and P fertilizer, which also contains Mo
(Barron et al., 2009; Charter et al., 1995). Agricultural production and related changes to the hydrologic
cycle have led to increased anthropogenic dust (e.g., Ginoux et al., 2012). Here we used data sets of crop
fraction of agricultural land for the present day, from the Coupled Model Intercomparison Project Phase
5 (CMIP5) inventory, in order to identify the relevant regions and multiply by the estimates of desert
dust generated using the same algorithm for natural lands described above (Hurtt et al., 2011). We approximated that land-use sources of dust were 25% of the total dust as estimated from satellites (Ginoux
et al., 2012), and used the prognostic dust scheme for the source, transport and deposition of the agricultural dust as a separate tracer. The Mo concentration in agricultural sources of dust was assumed to be
higher than in natural lands. We used 2 mg Mo kg−1 as the best estimate and 5 mg Mo kg−1 for the high
estimate (Table 1; Table S2). We estimated agricultural dust emissions to be 2.8 Gg Mo yr−1, with a high
estimate of 7.1 Gg Mo yr−1.
2.2.3. Sea-Spray Aerosols
Sea-spray aerosols are entrained in the atmosphere from the ocean surface under high wind or wave conditions (O'Dowd & de Leeuw, 2007). We used the same approach as Wong et al. (2020b) with CAM6. Briefly, we used a constant concentration of Mo in seawater and the existing sea-spray aerosol module (Liu
et al., 2011) and a value of 0.29 mg Mo kg−1 of sea-spray aerosol (Table 1), assuming sea-spray aerosol Mo
concentrations reflect that of seawater (Wong et al., 2020b). Sea-spray aerosols are prognostic in the model,
based on wind speeds, sea-ice, and temperature relationships (Liu et al, 2011). Sea-spray aerosol emission
estimates were 0.75 Gg Mo yr−1 and were assumed to be uncertain here (range 0.38–3.8 Gg Mo yr−1; Table 1)
due to the uncertainty in sea spray aerosol budgets (Mahowald et al., 2011).

WONG ET AL.

6 of 25

Global Biogeochemical Cycles

10.1029/2020GB006787

2.2.4. Volcanoes
Volcanic aerosols can be important local sources from noneruptive volcanoes (Wong et al., 2020b). Eruptive volcanoes could also be important, however, no appropriate long-term data set is available, so we
focused on noneruptive emissions using the same approach as Wong et al. (2020b) but with CAM6. Briefly, we used the Mo to sulfur (S) ratio to approximate volcanic Mo emissions, normalized to estimates of
S emissions from volcanoes from gridded global data sets (Spiro et al., 1992) of nonerupting volcanoes,
using a temporally constant rate. We used a mass-based ratio of 4 × 10−4 of Mo/S from Nriagu (1989)
(Table 1). Noneruptive volcanic emissions were estimated to be 0.71 Gg Mo yr−1 with a range of 0.35–
3.5 Gg Mo yr−1 (Table 1).

2.2.5. Primary Biogenic Particles
Primary biogenic particles or airborne particles from biological material such as bacteria, spores, fungi,
viruses, algae, and pollen are not explicitly modeled in the default CAM6, but can be important for trace
elements in aerosols such as P (Mahowald et al., 2008). Thus we included a simple temporally constant parameterization of primary biogenic particles following Brahney et al. (2015) by assuming a leaf area index
dependent source. We tuned the global amount such that over the Amazon, primary biogenic particles represent ∼50% of the PM10 concentrations, as consistent with observations (Graham et al., 2003). Following
Nriagu (1989) we used a Mo emission factor of 1.0 mg Mo kg−1 of primary biogenic aerosols, slightly higher
than the upper bound of Mo concentration measurements made from vegetation, which range from 0.02 to
0.45 mg Mo kg−1 (Table 1; Data Set S4). This emission factor gave us a global Mo source of 0.49 Gg Mo yr−1,
and we assumed a range of 0.25–2.5 Gg Mo yr−1 (Table 1).

2.2.6. Wildfires
Wildfires may also represent a source of Mo (Nriagu, 1989), and emission data sets based on satellite
burned area or other proxies for black carbon (BC) are widely available (van der Werf et al., 2004; Van Marle
et al., 2017). We used the Coupled Model Intercomparison Project wildfire data set as an annually averaged
temporally constant source (CMIP6) (Van Marle et al., 2017). This data set includes both natural and deforestation fires, as well as human suppression of current wildfires, and thus includes some impacts from
human activities. To convert from BC to Mo, we used an emission factor of 0.5 mg Mo kg−1 burned mass
(Nriagu, 1989), divided by the emission factor of BC of ∼0.5 g kg−1 burned mass (Andreae & Merlet, 2001)
to get a ratio of Mo/BC of 1,000 mg kg−1 (Table 1). We estimated wildfire sources to be 0.02 Gg Mo yr−1 with
a range of 0.01–0.1 Gg Mo yr−1.

2.2.7. Anthropogenic Combustion
To estimate anthropogenic emissions of Mo from combustion sources, we made a first estimate by using a
Fe emission inventory and assumed co-occurrence of Mo with Fe, multiplying by an observed emissions
ratio. In some studies, Mo was not detected (Machemer, 2004), and in others, the Mo/Fe ratio was as high
as 0.1 (Ge et al., 2001) or as low as 0.0001 (Querol et al., 1995), indicating Mo occurrence and emissions
from coal and smelting-related emissions can be highly variable. We multiplied a central and upper “high”
Mo/Fe ratio of 0.005 and 0.01 to the updated Fe inventory for 2010 in Speciated Pollutant Emissions Wizard
(SPEW) (Bond et al., 2004; Rathod et al., 2020). The Fe emissions in SPEW include coal, smelting, fuel oil,
and wood combustion in the industrial, transport, and residential sectors globally. The central ratio is based
on the averaged observed Mo/Fe ratio in coal combustion and smelting-related emissions in Meij (1994;
0.0025), Machado et al. (2006; 0.002), and Sylvestre et al. (2017; 0.008). We did not include fugitive emissions
from Mo mining. Combustion emissions were assumed to be temporally constant and were about 11 Gg Mo
yr−1 for the year 2010, with 95% coming from smelting and coal combustion. This source was large, but with
a large uncertainty associated with the estimated “high” value (Table 1).
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2.2.8. Vehicle Braking
Braking-related emissions are the dominant nonexhaust vehicle emissions, and can contribute up to 50% of
PM10 and 12% of PM2.5 emissions from vehicles (Bozlaker et al., 2014; Grigoratos & Martini, 2015; Harrison
et al., 2012). Braking-related emissions come from brake pads and brake discs, whereby the latter can contribute
up to 70% of the total braking-related emissions (Hulskotte et al., 2014). Brake discs are generally made up of
95% Fe, 2% silica (SiO2), and about 0.2% Mo (Hulskotte et al., 2014), the rest being copper (Cu), aluminum (Al),
and Zn. The Mo fraction in brake dust PM ranges between 5 and 740 mg Mo kg−1 (Grigoratos & Martini, 2014;
Thorpe & Harrison, 2008). The size distribution of braking-related emissions are generally unimodal with mass
median aerodynamic diameters between 1 and 4 µm (Grigoratos & Martini, 2014), with sizes generally dominated by diameters of about 0.3–2 µm. We multiplied PM2.5 and PM10-2.5 vehicular combustion-related PM
emissions (in SPEW) by 0.5 to estimate total PM emissions by brake-wear. Then, we multiplied the 2010 breakwear emissions by a central estimate of 500 mg Mo kg−1 brake-wear PM and assumed the “high” anthropogenic
upper bound to be about 10 times the central emissions based on the uncertainty (1.8–8 mg PM km−1 vehicle−1)
in brake-wear emission factors in Grigoratos and Martini (2014) and the Mo fraction in brake-wear PM. These
emissions ranged between 0.47 and 4.7 Gg Mo yr−1 for the year 2010 (Table 1). While vehicles in general may
emit Mo through other pathways (Das & Chellam, 2020), we did not include other vehicle emissions here.
2.3. Soil Mo Observations and Estimates
To estimate the relative importance of Mo deposition on soil turnover time, we constructed a best estimate
map of soil Mo concentrations. Current estimates assume a crustal abundance of 1–2 mg Mo kg−1 (Rudnick
& Gao, 2003; Taylor & McLennan, 1995). Using the Thomson Web of Science Core Collection on October
10, 2019 we searched for the keywords “Mo” and “soil” and found 137 studies that reported a Mo concentration in surface soils based on a total or near-total digestion (Data Set S3). If latitude and longitude were not
reported, we identified the nearest coordinates based on the reported study location.
We used two methods to construct a Mo soil map. In the first method, we categorized available Mo data by
soil type classification and extrapolated Mo concentrations by soil type using an approach similar to Scanza
et al. (2015). Of the 137 studies, 68 provided soil classification information either in the United States Department of Agriculture (USDA) or the Food and Agriculture (FAO) taxonomic system, which we converted
to the USDA classification. We assigned a median amount of Mo for each soil type then aggregated up to
the 1° × 1° USDA-NRCS Global Soil Regions map based on a reclassification of the FAO-UNESCO Soil Map
of the World (Batjes, 1997), and data on Mo within different USDA's soil taxonomy orders as compiled here
(Data Set S3). The within soil order variability of Mo concentrations is similar to the between order soil variability (Table S1), so the estimated spatial distribution of Mo in soils using this method does not compare
well against observations (Figure S1a). For some soil orders, only three studies per soil order were reported,
leaving the method of extrapolation by soil order as highly uncertain. In the second method, we extrapolated Mo concentrations in soils geographically through kriging interpolation using longitude and latitude
coordinates. Because this method is simply an extrapolation of the available data, it does compare well, by
definition with available data (Figures S1c and S1d). Because of the limited data, we used both methods to
estimate the Mo concentration in soils.
The turnover time of Mo in the soils due to atmospheric deposition, in years, was calculated as the ratio
of the soil Mo estimated to 1 m depth in each grid cell divided by the deposition flux, as estimated in Section 2.2. Because soil Mo cannot be assumed to be in steady state, we estimate a “pseudo-turnover time,”
which allows us to examine the ecological relevance of atmospheric Mo to the soil Mo reservoir in units of
years (Okin et al., 2004).

3. Results
We present several types of evidence of anthropogenic sources of Mo, starting with local gradients between
urban and rural regions, and including references to compositional analysis of aerosol observations. We
then show the spatial distributions of the in situ concentration observations, compared to modeling with
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and without anthropogenic sources. Finally, we show the resulting deposition maps and calculate the turnover times in soils.
3.1. Analysis of Specific Sites
First, to better understand the nature of the sources of atmospheric Mo, we considered a few data sets where
data were collected from cities and in nearby rural areas. Data collected from the sites in Switzerland, where
a substantial fraction of the observations were above the detection limit for Mo, suggested that there was
a clear gradient in the spatial distribution of Mo with higher concentrations in the more urban areas (Figure 2a), along with higher PM in general (Gianini et al., 2012a, 2012b; Hueglin et al., 2005).
Second, compositional analysis on the observations across all sites in Switzerland (Hueglin et al., 2005)
using the approach by Qu et al. (2020) indicated that Mo is typically found in urban aerosols (Figure S2).
This approach removed the concentration of aerosols and focused on the first two principal components of
the composition using a selected set of elements. The compositional results strongly suggest anthropogenic
sources of Mo for both PM2.5 and PM10; Mo concentrations tended to be higher in urban PM and that the
PM with higher Mo concentrations was also enriched in other typically urban aerosols components for both
PM2.5 and PM10.
Similarly, we examined compositional differences between two sites in Cuba where samples were collected
simultaneously at a rural and an urban site (Morera-Gómez et al., 2018). Despite both sites being located
on the coast with high deposition from sea-spray aerosols and under the North African dust plume in a
region with some of the largest atmospheric Mo deposition rates (Wong et al., 2020b), the urban area was
characterized by a higher Mo concentration than the rural site. The urban area also had a higher mixing
ratio of Mo in PM (concentration of Mo divided by the total mass of PM), suggesting a large anthropogenic
influence (Figure 2b). This high Mo/PM ratio was presumably due to the large petrochemical industries in
this region, including a cement plant fueled by petroleum-coke, an asphalt plant, a power plant fueled by
heavy crude oil, and Cuba's largest oil refinery. Bottom ash from the latter two industries had high contents
of Mo (720 and 114 mg Mo kg−1, respectively; Alonso-Hernández et al., 2011). Detailed source apportionment studies suggested that much of the particulate Mo in this region was associated with road traffic
(48%), combustion sources (22%), with some contribution from marine aerosols (16%) and either cement
industry or dust (10%) (Morera-Gómez et al., 2018). The more substantial proportion of road traffic Mo
can be attributed to older cars running on diesel, which often concentrates heavy metals (Morera-Gómez
et al., 2020). We also found similar results across three sites in Spain (Hernández-Pellón & Fernández-Olmo, 2019), where bulk Mo deposition rates were also higher closer to a manganese alloy plant than in
urban background sites.
Finally, a long-term (26 year) observational data set at one site in Northern Europe demonstrated that atmospheric Mo peaked in the 1990s (Figure S3 using data, from Laing et al. (2014a, 2014b). This anomalous
peak was likely caused by an anthropogenic source of Mo, because neither an increase over time, BC concentration (r = 0.03; Figure S3), nor nonsea-salt sulphate (Laing et al., 2013) can explain the peak.

3.2. Spatial Distribution of Atmospheric Mo
Our synthesis of the available observations of Mo in PM10 demonstrated that there were elevated concentrations observed across industrialized regions, such as Europe and Asia (Figure 3a). When we compared
the model simulations with observations, we found that simulations with anthropogenic sources (Figure 3)
were better at explaining Mo observations than only simulating with natural sources (Figure 4). When only
natural sources were included, concentrations of Mo in industrialized regions, especially in Europe, were
underestimated by several orders of magnitude (Figures 3 and 4). In some regions, the simulated anthropogenic estimate of emissions using our “high” estimate was a better match to the available data, a lthough
in others the “high” case overestimated the concentrations (Figure 3c). Although these results are difficult
to verify with the limited observational data, the model simulations suggest that there is substantially more
Mo in the atmosphere in Europe and Asia than in North America, primarily because of the higher estimates
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Figure 2. (a) Mo in particulate matter across Switzerland shown in the bars, with the values shown over each bar (ng m−3) in blue (PM10) and red (PM2.5)
increasing along a gradient toward more urbanized sites (left to right). Similarly, the total particulate matter increases in the more urban sites in both PM10
(blue) and PM2.5 (red) (solid line, µg m−3 left hand axis). The fraction of the Mo in PM tends to increase in more urban environments (dotted line, mg Mo kg−1,
right hand axis). Data are from Hueglin et al. (2005). (b) Similar for data from Cuba but only for PM10. Note there is much more aerosol and Mo in Cuba than in
Switzerland. Data are from Morera-Gómez et al., (2018). The means ± the standard deviations are presented for the Mo concentrations.

of combustion sources in these regions. While the model simulations did not correlate statistically significantly with the observations, they agreed on the same order of magnitude of Mo in the atmosphere.
Because the Mo concentration is typically low in atmospheric aerosols, we could have potentially biased
our results by only including reported data where Mo was above the detection limit. To minimize bias, as
discussed in the Methods section, if the reported values were below the detection limit, we approached the
issue in two ways: first, if more than 50% of the observations at a particular site were above the detection
limit, we included one-third of the minimum detection limit in the annual average. Second, the sites with
less than 50% of observations above the detection limit provided information in that the limit of detection
represented an upper bound on the Mo value, which we included as an upper bound in a secondary analysis
(Figure 3d). However, including the upper bound did not appreciably change our picture of the Mo in the
atmosphere (Figures 3d and 3c).
While a majority of modeled Mo was estimated to be in the PM10 fraction due to the large desert dust,
agricultural dust, and combustion sources, of which are 50%–99% in the coarse fraction (Table 1), we also
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Figure 3. (a) Horizontal distribution of the surface concentrations of Mo (ng m−3) in the PM10 size fraction as simulated in the model using the best estimate
scenario (contours) and from the observations (circles). Observations are averaged to a ∼2° × 2° grid and compared to Community Atmosphere Model (CAM)
(v6) results. (b) Scatterplot comparison of the modeled simulations in the best estimate scenario against observations (same as in a) (n = 40, r = 0.01). (c) Same
as (b), except for the high anthropogenic model case (n = 40, r = 0.00). (d) Same as in (b), except that all stations are included, even if more than 50% of the
observational values are below the detection limit to show the upper bound on observations as described in the Methods (n = 61, r = 0.05). In the scatter plots,
colors indicate locations: South Pacific (red), Asia/North Pacific (orange), Europe (green), South America, Africa and Atlantic (cyan), North Atlantic (medium
blue), North America (dark blue), and high latitudes (purple).

considered the distribution of Mo in the fine (PM2.5) aerosol fraction. Similar to the PM10 Mo fraction, observations of fine aerosol Mo also showed the highest values across industrialized regions (Figure 5a) and
the simulations with only the natural sources were much lower than the observations (Figure S4). Similar
to PM10, assuming that the anthropogenic emissions are on the “high” end, the model matched the observations well in some places, such as some sites in Europe, Asia, and the North Pacific, while the model
overpredicted in other sites (Figures 5b and 5c). We also compared the modeled concentrations of PM2.5 to
the upper bound in the concentrations where we included stations for which more than 50% of the data
were below the detection limit (Figure 5d). There were many more sites that measured but did not detect
Mo in the PM2.5 fraction, especially in the US, so the scatter plot shows many more measurements than the
PM2.5 observations of detected Mo (Figures 5d and 5b). These comparisons showed that the modeled Mo
was below the upper bound in most locations (Figure 5d).
When we compared total/bulk deposition observations to our model results (Figure S5), we also found
strong evidence of anthropogenic Mo sources, as our model still underestimated deposition observations at half the sites (Figure S5). An error source likely arises from missing Mo-source aerosols with
an aerodynamic diameter greater than the cutoff size of 10 µm by the model. Models begin to underestimate dust aerosols compared to observations at a diameter greater than approximately 5 µm (Adebiyi
& Kok, 2020; Kok et al., 2017; Mahowald et al., 2014). This failure to capture large particles and their
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Figure 4. (a) Spatial distribution of the surface concentrations of Mo (ng m−3) as simulated in the Community Atmosphere Model (CAM) (v6) using only
natural sources (contours) overlain by observational data (circles). Observations are averaged to a ∼2° × 2° grid and compared to the model. (b) Scatterplot
comparison of the modeled surface concentrations of Mo (ng m−3) in the natural sources only scenario against observations (same as in (a)) (n = 40, r = 0.13).
In the scatter plots, colors indicate locations: South Pacific (red), Asia/North Pacific (orange), Europe (green), South America, Africa and Atlantic (cyan), North
Atlantic (medium blue), North America (dark blue), and high latitudes (purple).

transport, which may dominate the deposition close to the source areas, by the model may also explain the
model-observation discrepancy.
3.3. Sources of Atmospheric Mo
Modeled Mo deposition rates ranged over three orders of magnitude, from 1 to 5,000 µg m−2 yr−1. From our
spatially explicit model, we estimated that 8.77 Gg Mo yr−1 was emitted from natural sources with a range of
4.4–44 Gg Mo yr−1, while 14.3 Gg Mo yr−1 was emitted from anthropogenic sources with a range of 14–34 Gg
Mo yr−1 (Table 1). These results suggest that between 40% and 75% (best estimate: 62%) of the atmospheric
Mo sources were anthropogenic. There are large uncertainties in natural sources of aerosols such as sea
spray and dust, where estimates (dust: 6.6 Gg Mo yr−1; sea-salt aerosols: 0.75 Gg Mo yr−1; volcanic aerosols:
0.71 Gg Mo yr−1) are different than those from Wong et al., (2020b) (dust: 4.3 Gg Mo yr−1; sea-salt aerosols:
1.6 Gg Mo yr−1; volcanic aerosols: 0.22 Gg Mo yr−1) due to the difference in the models used. These model
discrepancies are consistent with the large uncertainties in the amount and composition of natural aerosols
in general (e.g., Mahowald et al., 2011). In the case of Fe, the differences between the modeled and observed
aerosol concentrations were higher in areas where the natural aerosols are the dominant source (Rathod
et al., 2020).
The estimated distribution of deposition for both the current best estimate (Figure 6a) and natural sources
(Figure 6b) shows that while desert dust regions are the strongest natural sources and have the largest deposition rates, there is also intense deposition in industrialized regions. The ratio of current anthropogenic
to natural sources of Mo in the model suggests that there is a large perturbation (up to 100X higher) on Mo
deposition rates in many regions in both the best estimate and the “high” anthropogenic case (Figures 6c
and 6d). When we examine the relative contribution of sources to total Mo deposition across regions (Figure 7), we found that desert dust deposition dominated close to the main dust source areas and sea-spray
aerosols over the oceans (Wong et al., 2020b), anthropogenic combustion sources dominated in industrialized regions, and agricultural dust dominated in cultivated areas (Figure 7, Table 1).
Natural sources of Mo from terrestrial regions such as primary biogenic particles and wildfires can remove
Mo from ecosystems (Kauffman et al., 1995; Mahowald et al., 2005). For example, we estimated that in the
Amazon (290°E-320°E, 15°S-0°N) wildfire aerosols deposit 0.18 Gg Mo yr−1 and cause the release of 0.20 Gg
Mo yr−1, while primary biogenic particles deposit 0.048 Gg Mo yr−1 and release 0.052 Gg Mo yr−1. Thus,
although most Mo is locally “recycled” within ecosystems, we estimate that within this grid cell, about 10%
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Figure 5. (a) Same as Figure 3, but for PM2.5. Spatial distribution of the surface concentrations PM2.5 of Mo (ng m−3) as simulated in the Community
Atmosphere Model (CAM) (v6) using the best estimate scenario (contours) and overlain by observational data (circles). Observations are averaged to a ∼2° × 2°
grid and compared to the model. (b) Scatterplot comparison of the modeled surface concentrations PM2.5 of Mo (ng m−3) in the best estimate scenario against
observations (same as in a) (n = 16, r = −0.32). (c) Same as (b), except for the high anthropogenic model case (n = 16, r = −0.13). (d) Same as in (b), except
that all observational values below the detection limit as included to show the upper bound on observations as described in the Methods (n = 93, r = 0.07). In
the scatter plots, colors indicate locations: South Pacific (red), Asia/North Pacific (orange), Europe (green), South America, Africa and Atlantic (cyan), North
Atlantic (medium blue), North America (dark blue), and high latitudes (purple).

of Mo from wildfires and primary biogenic particles escapes into the ocean each year, which over geological time could result in a deficit. However, Mo in this grid cell is estimated to be replaced by long-range
transported sea-spray aerosol Mo (0.003 Gg Mo yr−1) and desert dust Mo (0.01 Gg Mo yr−1), and has been
enhanced by anthropogenic sources of Mo, especially combustion (0.08 Gg Mo yr−1).
3.4. Implications for Changes in Soil Mo Turnover Times
To assess the relative impact of aerosol deposition on soil Mo, we estimated turnover times across the top
1 m of soil, which reflects the importance of aerosol Mo inputs relative to the modern soil Mo reservoir
(Okin et al., 2004). Using two approaches of approximating Mo soil concentrations (see Methods 2.3), we
found that soil Mo turnover times vary between 1,000 years at the shortest (in regions where desert dust is
the dominant source for Mo) up to millions of years (Figure 8). Anthropogenic sources shorten turnover
times (0.01X) regardless of the interpolation method for soil Mo because of the strong increase in Mo in
industrialized regions.
These results suggest that Mo deposition from anthropogenic sources could perturb and accelerate Mo turnover in some regions if anthropogenic activity continues at the same rate into the future. However, these
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Figure 6. Spatial map of modeled deposition in the Community Atmosphere Model (CAM) (v6) results in the current
climate of Mo in PM10 aerosols (μg m−2 yr−1) for (a) the current (natural and anthropogenic) climate best estimate and
(b) with natural sources only. The ratio of natural to total Mo deposition are displayed as (c) the ratio of Mo deposition
in the current climate (natural and best estimate anthropogenic) over natural deposition and (d) the ratio of Mo
deposition in the current climate with the “high” anthropogenic estimate case (natural and high anthropogenic) over
natural deposition.

turnover times are still long (1,000 years or more) compared to other perturbations, such as deforestation or
biomass burning (Andela et al., 2017; Hansen et al., 2013), which have accelerated turnover times for P in
biomass from 64 to 50 years in regions of the Amazon (Mahowald et al., 2005).

4. Discussion
Our models and synthesis of observations suggest that anthropogenic activity has substantially altered
the atmospheric Mo cycle and are accelerating Mo turnover rates in soils. From modeling emissions of
Mo, we estimated that anthropogenic sources, 1 (14–34) Gg Mo yr−1 (range in brackets), are likely to
be equal to or exceed the natural sources, which we estimated to be 8.8 (4.4–44) Gg Mo yr−1 (Table 1).
Even when we included anthropogenic sources in our model, observations of Mo sometimes exceeded modeled estimates, suggesting that the model simulations may be underpredicting deposition in
some regions. In areas with strong influence from industrialization, fires, and agricultural land-use
change, these activities have likely altered Mo cycles by a factor of 2 or more (Figure 7). Anthropogenic
perturbation of the Mo cycle is on the same order of magnitude as the alteration of other metals such
Al, V, mercury (Hg), and lead (Pb) (Rauch & Pacyna, 2009; Schlesinger et al., 2017; Selin, 2009; Sen &
Peucker-Ehrenbrink, 2012).
4.1. Sources of Discrepancy Between the Model and Observational Data
Differences between the model and the observations could be due to our model only predicting source emissions, but not resuspension of particles that are captured by observations. For example, direct emissions
from vehicle braking were included in the model, but atmospheric sources such as road dust resuspension,
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Figure 7. Percentage of Mo deposition in the best estimate case in the current climate from different sources in the
Community Atmosphere Model (CAM) (v6): (a) natural desert dust, sea-spray aerosols, and volcanoes, (b) primary
biogenic particles (PBP) and wildfires from natural ecosystems, (c) anthropogenic combustion and braking emissions,
and (d) anthropogenic land use and agricultural dust.

which can comprise up to 50% of PM10 and a quarter of PM2.5 (Bozlaker et al., 2014), were not included.
Thus resuspension of sources to the atmosphere may have contributed to the model underestimation in
some regions with higher densities of industrialization.
In addition to resuspension of particles, model underprediction in some regions could also be from unaccounted sources that were not included in the model, such as fugitive mining, PM emitted from vehicle
exhaust, and other nonexhaust sources of vehicle Mo. Direct vehicle exhaust sources include engine wear
(Gonet & Maher, 2019) and catalytic converters (Dillner et al., 2005). Detailed analysis of sites in the region
of Rio de Janeiro demonstrated that the largest source of Mo in PM10 came from catalytic converters (da
Silva et al., 2008) due to the rising usage of Pd-Mo/Al2O3 catalysts in Brazil (De Mello et al., 2003; Schmal
et al., 1999), which we were unable to include in our model. While we considered vehicle braking emissions
based on correlations with Fe, we did not account for other nonexhaust related emissions, such as lubricants, where Mo sulfides are often added (Amato et al., 2010) and can compose between 5% and 29% of
brake lining (Thorpe & Harrison, 2008).
4.2. Mass Balance of Mo Deposition with Riverine Exports
Comparing annual Mo riverine export to total deposition estimates from our model also suggests anthropogenic perturbation of the Mo cycle. From our synthesis of Mo in riverine samples (Data Set S5), we estimated
that around 21 Gg Mo yr−1 moved from terrestrial ecosystems through rivers to oceans every year, based on
a median Mo river concentration of 0.56 µg Mo L−1 (Data Set S5) and an annual discharge of 37,288 km3
yr−1 (Dai & Trenberth, 2002). The riverine estimate of 21 Gg yr−1 fell close to our median atmospheric dep
osition estimate of 23 Gg Mo yr−1 (Table 1). However, the riverine export fluxes typically only represent
export from terrestrial ecosystems, while our deposition estimates represent global fluxes to land and oceans.
Thus, the large riverine estimates relative to our modeled estimates also suggest significant anthropogenic
inputs. Our riverine Mo also exceeds the previous estimate of 17.3 Gg Mo yr−1 from the late 1970s (Martin
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Figure 8. Turnover time (kiloyears) of soil Mo from current (natural plus anthropogenic) deposition in the
Community Atmosphere Model (CAM) (v6) in the current climate calculated by (a) the median Mo amounts in USDA
soil orders (Table S1; Data Set S3) and (b) and using kriging interpolation, and turnover time of soil Mo from natural
deposition only calculated by the median Mo amounts in USDA soil orders (Table S1; Data Set S3) (c and d) and using
kriging interpolation. Turnover time is estimated as the amount of Mo in the top meter of soil over the deposition flux
calculated in the model for the current and natural cases.

& Meybeck, 1979) but falls below the recent estimate of 36 Gg Mo yr−1 (Sen & Peucker-Ehrenbrink, 2012),
which implies that our riverine estimates of Mo are relatively conservative.
4.3. Impacts of Anthropogenic Mo Deposition on N Cycling
Human perturbation of the Mo cycle is likely relieving Mo limitation on N fixation in regions isolated from
strong N deposition. First, anthropogenic sources of Mo likely have stronger effects on N cycling relative
to natural sources, as anthropogenic sources are typically more soluble (Desboeufs et al., 2005). Second,
Mo as a constraint on N fixation is seemingly widespread across many terrestrial ecosystems (Dynarski &
Houlton, 2018), and in N-limited areas, increased Mo deposition may facilitate higher rates of N fixation. As
discussed by Wong et al. (2020b), experimental addition rates of 39 μg Mo m−2 yr−1 have been found to stimulate free-living N fixation on a tropical forest floor (Barron et al., 2009), well within the estimated annual
rates of current total Mo deposition (8–80 μg Mo m−2 yr−1 across many ecosystems (Figure 6). While Mo
was added in a soluble, bioavailable form in the experiments of Barron et al., (2009), we present these rates
as an example for the scale at which increases in Mo availability can impact N fixation, particularly over
decades as deposition accumulates in the ecosystem. Third, in areas with Mo limitation, such as regions
that are isolated from low external inputs of Mo with leaf litter concentrations less than 200–300 ng Mo g−1
leaf litter (Darnajoux et al., 2019; Reed et al., 2013), alternative nitrogenases may play an important role
(Darnajoux et al., 2017; Zhang et al., 2016). Genes encoding alternative nitrogenases have been found in a
variety of terrestrial ecosystems (Betancourt et al., 2008). Anthropogenic perturbation of the Mo cycle may
shift alternative nitrogenase activity toward the more common and preferred Mo-based form of nitrogenase
(Eady, 1996). Darnajoux et al. (2019) sampled across a gradient of atmospheric metal deposition in a north-
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eastern American boreal forest and found an inverse correlation between high Mo deposition, indicated
by Mo contents in lichens, and alternative vanadium-based nitrogenase activity. These results suggest that
increased anthropogenic Mo deposition in previously pristine ecosystems that received little to no natural
Mo or N deposition may enhance N fixation.
Terrestrial regions where Mo limitation have been found, which include several temperate, tropical, and
boreal ecosystems (Dynarski & Houlton, 2018; Wong et al., 2020b; and references therein), may be particularly sensitive to anthropogenic Mo inputs. Other regions that may be similarly sensitive to anthropogenic
perturbations of the Mo cycle are regions where N limitation is strong and new inputs of Mo from weathering or natural atmospheric deposition are low. These areas include North American boreal forests, which
may be affected by tar sands (Robertson et al., 2019), recovering Neotropical tropical forests (Batterman
et al., 2013; Davidson et al., 2007) and savannas, which may be affected by biomass burning and agricultural
dust, and recovering Asian tropical forests, which may be affected by combustion.
As temperatures and CO2 concentrations increase and precipitation patterns change, the demand for N
and thus increased N fixation may increase and exacerbate Mo limitation (Hungate et al., 2004; Zheng
et al., 2020) in regions isolated from increasing N deposition inputs. While Mo limitation has been found
across a few ecosystems, these studies have been concentrated in certain regions (Dynarski & Houlton, 2018). Before we can fully understand or predict how anthropogenic Mo may be affecting the N cycle,
future research should focus on where and when Mo is limiting and contextualize Mo limitation with C, N,
and P availability (Wong et al., 2020a; Wurzburger et al., 2012; Zheng et al., 2018).
Ultimately, the influence that anthropogenic Mo inputs will have on ecosystem function depends on the
stoichiometry of other elemental inputs, such as N and P, and the nutrient status of the ecosystem being
impacted (Figure 9). The signature of N deposition across the global is large, and anthropogenic N inputs
will likely continue to increase in the future (Peñuelas et al., 2012, 2013). In these regions where anthropogenic N deposition inputs are large, stimulation of N fixation from increased atmospheric Mo may be
offset (Bauters et al., 2018; Dentener et al., 2006). When examining Mo deposition together with N and P
deposition, the largest sources of anthropogenic Mo tend to co-occur with the highest rates of N deposition,
and the largest sources of natural Mo co-occur with the largest sources of atmospheric P (Figures 9a and
9b). Regions that receive low rates of N deposition and high rates of P deposition (or a lower N:P ratio) will
likely be more sensitive to Mo as relieving P limitation would shift the ecosystem toward N limitation where
increased Mo is advantageous. Other regions where Mo deposition may impact ecosystem function are
regions where anthropogenic activity has accelerated Mo cycling to a greater extent than N and P cycling
alone in many terrestrial ecosystems, as evidenced by the decrease in current to preindustrial N:Mo and
P:Mo ratios in many temperate, boreal, and tropical regions (Figures 9c and 9d).
The large increase in atmospheric Mo will likely increase the imbalance between N and P globally, as anthropogenic N inputs have greatly exceeded P inputs (Peñuelas et al., 2012, 2013). In addition to the role
of Mo in N fixation, Mo is essential for dissimilatory nitrate reduction, reducing nitrate to nitrite, often a
rate-limiting step in N assimilation (Begara-Morales et al., 2020). Relieving any Mo constraints on the N
cycle will contribute to increasing P limitation in both natural and agricultural ecosystems, which could
impact ecosystems with effects ranging from changing stoichiometry, species composition, and genomic
composition (Peñuelas et al., 2012). The increased imbalance between the N and P cycles, and therefore
ecological impact, may be greatest in the Northern Hemisphere, where both current to preindustrial N and
Mo deposition are the highest (Figure 9e).
4.4. Limitations of the Observational Data and Model
This paper represents a first attempt to constrain the spatial distribution of anthropogenic sources such as
from combustion, braking, and land use. Most of the observations presented here were located in industrialized countries. To better understand the atmospheric contribution to the Mo cycle, more observations of
concentrations and deposition are required. In addition, we also need a better understanding of the sources
of Mo. For example, we used a recent Fe emission compilation as a baseline for Mo from combustion (as
most Mo co-occurs with Fe), however more in-depth consideration of Mo and other ecologically important
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Figure 9. Spatial distribution of current (natural plus anthropogenic) modeled atmospheric deposition of (a)
P:(Mo*1,000) and (b) N:(Mo*100) molar ratios. (c) Ratios of current to preindustrial P:Mo, (d) N:No, (e) Mo only, and (f)
N:P atmospheric deposition in the Community Atmosphere Model (CAM) (v6). Current and preindustrial estimates of
atmospheric N and P deposition are derived from the same methodology as described in Brahney et al. (2015).

metals, especially from mining and smelting (Rathod et al., 2020) would improve estimates. Finally, constraining emission factors from natural sources as well as from vehicle emission processes will improve our
estimates of modeled Mo in remote as well as industrial and urban areas (Das & Chellam, 2020).

5. Conclusions
Low Mo availability can constrain N fixation and uptake in some terrestrial and aquatic ecosystems. Atmospheric deposition of Mo is likely an important source of Mo in N-limited terrestrial ecosystems with highly
weathered soils, and previous studies have suggested substantial anthropogenic perturbation to Mo at the
global level and from local observations. We explored, for the first time, the spatial distribution of current
atmospheric Mo, and estimate from a combination of observations and modeling that about two-thirds of
current atmospheric Mo sources are from anthropogenic sources (14.3 Gg Mo yr−1) compared to natural
sources (8.77 Gg Mo yr−1). In industrialized regions, deposition may have increased by 100X or more from
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combustion of coal and smelting operations. There are large uncertainties in these estimates, suggesting
that anthropogenic sources represent between 40% and 75% of the total sources of Mo. Our modeling of Mo
deposition did not capture the spatial distribution of either PM10 or PM2.5, so future studies could improve
the simulations and refine the role of mining and smelting, especially as the energy transition to renewables is likely to require more Mo and other metals. However, given the low concentrations of Mo in the
atmosphere and the limited understanding of Mo sources, this study represents an important step forward
in understanding Mo cycling. The substantial changes in Mo deposition from human activity is likely accelerating increase N cycling across ecosystems.

Data Availability Statement
Observational synthesis available in the supplemental materials, while model results are available at the
Cornell eCommons repository (https://doi.org/10.7298/nzhv-4579).
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