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HIGHLIGHTS






Worldwide, tetracyclines are the most sold veterinary pharmaceuticals
Photolysis is the main degradation pathway of veterinary residues in surface waters
Veterinary drugs concentrations in natural waters range from 1ng.L-1 to 255µg.L-1
Overall removal rates in drinking water treatment plants generally exceed 90%
11 studies on the occurrence of veterinary pharmaceutical residues in tap water
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Veterinary pharmaceuticals (VPs) increasingly used in animal husbandry have led to their
presence in aquatic environments –surface water (SW) or groundwater (GW) – and even in
tap water. This review focuses on studies from 2007 to 2017. Sixty-eight different veterinary
pharmaceutical residues (VPRs) have been quantified worldwide in natural waters at
concentrations ranging from nanograms per liter (ng.L-1) to several micrograms per liter
(µg.L-1). An extensive up-to-date on sales and tonnages of VPs worldwide has been
performed. Tetracyclines (TCs) antibiotics are the most sold veterinary pharmaceuticals
worldwide. An overview of VPRs degradation pathways in natural waters is provided. VPRs
can be degraded or transformed by biodegradation, hydrolysis or photolysis. Photodegradation appears to be the major degradation pathway in SW. This review then reports
occurrences of VPRs found in tap water, and presents data on VPRs removal in drinking
water treatment plants (DWTPs) at each step of the process. VPRs have been quantified in tap
water at ng.L-1 concentration levels in four studies of the eleven studies dealing with VPRs
occurrence in tap water. Overall removals of VPRs in DWTPs generally exceed 90% and
advanced treatment processes (oxidation processes, adsorption on activated carbon,
membrane filtration) greatly contribute to these removals. However, studies performed on
full-scale DWTPs are scarce. A large majority of fate studies in DWTPs have been conducted
under laboratory at environmentally irrelevant conditions (high concentration of VPRs (mg.
L-1), use of deionized water instead of natural water, high concentration of oxidant, high
contact time. etc.). Also, studies on VPRs occurrence and fate in tap water focus on
antibiotics. There is a scientific gap on the occurrence and fate of antiparatic drugs in tap
waters.

VPs: Veterinary pharmaceuticals

VPRs: Veterinary pharmaceutical residues
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As the human population is growing, animal production is also rapidly expanding to feed this
population [1]. This leads to intensive agricultural practices, with confined animal feeding
operations (CAFOs) [2,3]. In CAFOs, it is a common practice to use veterinary
pharmaceuticals (VPs) not only for curative ends, but also prophylactic purposes [1,4,5].VPs
have also been widely used for growth promotion [4], even if this practice has begun to be
restricted or even banned, for example in the European Union (EU) [6,7]. Nowadays, more
than 2000 veterinary pharmaceuticals products are available on the market worldwide [8].
VPRs can be released into the environment either directly with urine and feces of animals in
pastures or during aquaculture activities, or indirectly during the spreading of contaminated
manure and slurry [7,9–12]. Because of their continuous use, veterinary pharmaceutical
residues (VPRs) represent a diffuse and pseudo-persistent pollution in the environment.
Among other emerging contaminants, VPRs have been quantified worldwide in aquatic
environment, with progresses in analytical methods [10,13,14]. As tap water is produced
worldwide from natural waters (SW or GW), it is important to review the occurrence of VPRs
in natural waters and the factors affecting this occurrence. Indeed VPRs occurring in natural
waters may reach DWTPs which produce tap water. A public health concern is that if these
compounds are not fully removed and/or transformated in DWTPs, the human population
could be chronically exposed to these compounds. This continuous exposure may represent a
risk as VPs are designed to exert biological effects on animals at low doses (as for antibiotic
which are active at mg of drug per kg of animal weight) or very low doses (hormones which
are active at µg of drug per kg of animal weight) [12]. VPR may also interact together or with
other organic contaminants present in drinking water, resulting in addition or synergistic
effects [12]. Moreover, chronic exposure of pathogens, commensal or environmental bacteria
to veterinary antibiotics can lead to cross- resistance to antibiotics through the development
and selection of more harmful bacteria [12,15]. It is a crucial issue as no new class of
antibiotics has been discovered since 1987 [8].
However, data on VPRs fate in DWTPs as well as on their occurrence in tap water are scarce
and deserve more attention as it is not known if those micropollutants are removed during the
applied treatment processes. Lastly, transformation products (TPs) of VPRs should also be
considered. Subsequent compounds generated after the transformation process of a certain
"parent compound" are considered as TPs. TPs can be generated by natural processes such as
metabolization in the treated animals [7,11,16] or via hydrolysis or photolysis in the
environment [17–19]. They can also be derived from engineering processes, for example
during agricultural waste management practices (i.e. digestion, composting, etc.,) [5,20] or in
DWTPs during oxidation steps [12,21,22]. These TPs can retain a biological activity
[21,23,24] which may pose risks towards aquatic ecosystems or human health.
Ciprofloxacin is the main metabolite of the veterinary antibiotic enrofloxacin, and it is also a
pharmaceutical used in human medicine. Both compounds have been proved to exert a
negative impact on amphibian larvae growth and development at concentrations greater than
or equal to 10µg.L-1 [25]. Photo-transformation products of the antibiotic tetracycline exhibit
a higher toxicity towards luminescent bacteria V. fischeri than tetracycline [26] and
photoproducts of the hormone altrenogest seem to possess significant androgenic activity
according to in vitro tests performed by Wammer et al. [27]. Thus aquatic ecosystems can be
negatively impacted by TPs generated by VPRs. When considering TPs produced during tap
water production, TPs can gain toxicity during oxidation processes [28,29]. TPs of
nitroimidazoles compounds generated during ozonation process were more toxic to V. fischeri
than the initial nitro-imidazoles [29]. In Leavey-Roback et al. [28], chloramination
disinfection of veterinary antiobiotics such as tetracyclines or macrolides induces the
formation of the carcenogenic disinfection product N-nitrosodimethylamine. Thus, these TPs
may threat human health.
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Many reviews have been published on veterinary pharmaceutical residues in the environment
[4,6–9,12,15,16,30–44]. In those reviews, veterinary pharmaceutical residues occurrence and
fate in soil have been largely studied, as mobility from soil to water. But only few reviews
have been published on occurrence and fate in natural waters (sorption and degradation) and
tap water. This review provides an update on research performed from 2007 to 2017 on (1)
the occurrence of 65 VPRs (i.e. antibiotics, antiparasitic drugs, anti-inflammatory drugs) in
natural waters (surface water and groundwater; 38 studies) related to (2) their uses and their
fate. An extensive up-to-date on sales data worldwide, ten years after Sarmah et al.,
publication [38] is provided, as sales and usages are critical factors impacting environmental
occurrence of VPRs [45–47]. Sales trends over the past decade are presented for countries
where they are available in the public domain. It is also mention when there is no available
sales information for countries which are likely to be significant consumers of VPRs. In 2009,
Kümmerer [35] reported a lack of information on VPRs degradation pathways, especially on
photolysis, with comparison between direct and indirect photolysis. To fill this gap, a
complete and up-to-date overview of degradation pathways by chemical family is provided
(38 studies). Afterwards, this review focus on (3) VPRs occurrence in tap water (11 studies)
consequently to (4) their behaviour during drinking water treatment plant processes (28
studies).
Few reviews address VPRs behaviour in DWTPs, and deal with pharmaceuticals and personal
care products with great emphasis on human pharmaceuticals [23,48] or with antibiotics used
both in human and veterinary medicine [32,49]. To our knowledge, this review is the first to
gather all available data on VPRs removals rates and fate in DWTPs.
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The occurrences of VPRs (since 2007) in surface water and groundwater are presented in
Figure 1 and Figure 2. Figure 1 focuses on VPRs that have been searched in more than one
hundred samples (all studies included). The minimum and maximum quantified
concentrations of VPRs in each study are shown on the graphic. Figure 2 focuses on VPRs
searched in less than one hundred samples and shows minimum and maximum concentrations
quantified in each study. VPRs that were investigated but not detected have not been reported
in Figures 1 and 2, for example coccidiostat toltrazuril and its metabolites [50], avermectins
[51] or some corticosteroids [13,14].
In the 38 studies considered [2,13,14,45–47,51–84], sampling was carried out near husbandry
facilities or crops in rural watersheds, once or several times at different seasons of the year.
[Figure 1]
[Figure 2]
As reported in Figure 1 and 2, 64 different VPRs were detected in surface waters, especially
rivers [59,61,63,64] but also lakes [55,58], at concentrations ranging from <1 ng.L-1
[58,68,72] to 255 microgram.L-1 (µg.L-1) (tetracycline [83]; out-of-scale value in Figure 1).
High levels of concentrations depend on the study location and of the veterinarian
prescriptions in the corresponding area. For example, the highest concentration level
(tetracyline; 255 µg.L-1) was quantified in a sampling site that was assumed to be affected by
the discharge of veterinary pharmaceuticals from a swine manure composting facility [83].
Sulfapyridine, sulfamethazine, sulfamethoxypyridazine and sulfadiazine were quantified in
the Llobregat river in Spain at 12 µg.L-1; 6192 ng.L-1; 3704 ng.L-1 and 2312 ng.L-1,
respectively. Similarly, many agricultural areas were located upstream the sampling site [67].
In the 11 studies considered in groundwater, 47 VPRs were quantified with concentrations
ranging from <1 ng.L-1 [76] to 3.461 µg.L-1 for sulfacetamide [79]. Sulfonamides (SAs)
4

constitute the most detected chemical family but also the most studied (28 studies on 38
studies considered) so there may be a bias. Surface water can be a source of contamination for
groundwater through artificial or natural exchanges between the two resources [46,59,85].
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Uses of VPs strongly differ between countries, because of the different animal species (i.e.
swine, cattle, sheep, etc.), animal farming methods and climate conditions [9,62]. However,
the therapeutic classes most often used are antibiotics, antiparasitics (endo- and ectoparasitics) and steroidal hormones [9,12]. Antibiotics represent 70% of all consumed drugs
that are approved for animal medicine worldwide [11]. Other therapeutic classes used in
veterinary medicine include non-steroidal anti-inflammatory drugs, anxiolytics and sedatives
such as benzodiazepines, beta-agonists agents, anesthetics, euthanasia products, antacids,
diuretics, emetics, etc. [12].
In 2006, [38] provided an international overview of veterinary antibiotics sales by compiling
available information at that time. Based on this previous work, an up-to-date of the sales was
performed in order to show new trends in these uses and determine evolutions in data
availability. In 2006, sales data were not available in the United States of America (USA) and
only a few European countries (Sweden, Denmark, Finland, and Netherlands) were publishing
their antibiotic sales in the public domain [38]. Current available sales data, i.e. about ten
years after [38], are presented below.
Tables 1; 2 and 3 report the latest available sales amounts for USA (2016), Europe (2015),
France (2016), Japan (2015), Korea (2015), New Zealand (2014) and Australia (2010).
According to the tables 1; 2 and 3, the most frequently used antibiotics worldwide for
veterinary purposes are tetracyclines (TCs), SAs, penicillins (PENs) and macrolides (MLs).
[Table 1]
In the USA, the amount of antibiotics sold for veterinary purposes equals 70% of total
antibiotics sales [1,3,6,86]. An increase of 11% in total annual sales amount was reported
between 2009 and 2016, but sales decreased by 10% between 2015 and 2016 [87]. Sales of
lincosamides and cephalosporins increased by more than 50% between 2009 and 2016 [87].
Total amount of antibiotics for veterinary use was estimated at almost 13 983 tons in 2016
[87], perhaps the world’s largest (or second behind China [3,88]). These high amounts are not
only due to the presence of large numbers of livestock, but also to the authorized use of
antibiotics as growth promoters [12]. High use of ionophores is largely responsible for
quantification of monensin in surface water (300 to 5130 ng.L-1; [70,71]), salinomycine (9022
ng.L-1; [71]) and narasin (348 ng.L-1; [71]) but also in groundwater (monensin, 20 to 2950
ng.L-1; [2,81]).
Canada also has a large and dynamic animal food production industry [38] and is reported to
have a widespread use of veterinary antibiotics [86]. However, data on veterinary
pharmaceuticals sales in Canada are still not available in the public domain.
Since 2010, the European Surveillance of Veterinary Antimicrobial Consumption (ESVAC)
releases an annual report of antimicrobials sales, currently including data from 30 European
countries, including France. Total antimicrobials sales were 8 361 tons in 2015 according to
5
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the latest report [89]. Prevalent families differ from those in the USA. However, ionophores,
which constitute the second most sold family of compounds in the USA, are not included in
the ESVAC report. Indeed, in Europe these compounds are no longer used as feed additives
because growth promoters have been banned since 2006 [90]. This may explain the
differences observed between Europe and USA sales.
In 2015, the highest antimicrobial sales were reported for Spain with 3030 tons, Italy with
1310 tons and Germany with 858 tons [89]. Between 2011 and 2015, the general trend was a
13% decrease in veterinary antibiotics sales in Europe (25 countries included). Some
countries included in the ESVAC report also publish individual detailed annual reports of
their antibiotics sales such as France [91] or United-Kingdom [92].
In 2006 [38], sales amounts of veterinary pharmaceuticals were lacking in Asia. Ten years
later, even though veterinary antibiotics uses are regulated in China, there is currently no
official governmental report on sales amounts [88,93], while some previous studies suggest
that China may be the first consumer of veterinary antibiotics in the world [1,3,6].
Nevertheless, limited available data suggest 210,000 tons of antibiotics are produced
annually, with 46% of this tonnage used for food-producing animals [93,94].
Furthermore, to our knowledge, India, Indonesia or Thailand are still neither reporting any
information on veterinary pharmaceutical types or amounts used.
[Table 2]
On the other hand, as shown in Table 2, reports have been released in South Korea [95], and
in Japan [96]. To our knowledge, Japan is the only country worldwide reporting the sales of
antiparasitic drugs (antihelmintics and antiprotozoals). The most sold antiparasitic drugs are
fenbendazole and praziquantel with about 3 tons, ranking 22nd and 23rd in veterinary sales
amounts. Between 2007 and 2015, VPs sales in Japan decreased by 11%, with 879 tons in
2007 [97] and 788 tons in 2015 [96]. In Korea, overall sales of antibiotics (including
anticoccidians) have also gradually decreased, with 1527 tons sold in 2007 and 910 tons in
2015 [95]. However, phenicols and cephalosporins sales have been multiplied by 3 and 5,
respectively [95]. Occurrence of oxytetracycline (390 to 1410 ng.L-1, [61]), chlortetracycline
(13 to 793 ng.L-1, [61,63]), tylosin (230 to 2190 ng.L-1, Ok et al., 2011), florfenicol (17 to 340
ng.L-1; [63]) and enrofloxacin (10 to 133 ng.L-1, [63]) in Korean surface waters can be
explained by the fact that those compounds are among the top ten sellers in the country. On
the contrary, tetracycline, which has been quantified at 255 µg.L-1 [83], is not included in the
top ten sellers of Korea. In Japan, oxytetracycline, the most sold compound, was quantified at
68 000 ng.L-1 [65].
[Table 3]
New Zealand and Australia both reported zinc bacitracin as the most sold compound. Zinc
bacitracin is used for the treatment and prevention of necrotic enteritis in poultry, and is
administered in the feed. In Australia, there were no significant change in the total amount of
antibiotics sold between 2005 and 2010. Growth promotants accounted for 4% to 7% of total
antimicrobials sold for use in food animals [98]. In New Zealand, antibiotic sales increased by
13% between 2010 and 2014. Sales of TCs and cephalosporins increased by 57% and 36%,
respectively [99].
It has to be considered that tonnages may not be an adequate parameter to assess the actual
use pattern of VPs. In addition, increasing or decreasing sales trends over time may reflect
usage changes, but it may also be representative of changes in animal populations across the
country. To eliminate of this bias, a population correction unit [89] is used or a ratio of the
active ingredient sold (mg) per kilogram of animal bodyweight is applied [91,92].
Within a country, uses of VPRs vary throughout the year. In winter, livestock tend to be more
sensitive to pathogens and prophylactic treatments are increased to prevent respiratory
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diseases or other epidemics in herds [65]. Some exceptions may be noted, such as a common
indication of SAs for bacterial or protozoal infections occurring in summer.
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This part of the review considers the behaviour of VPRs in natural waters– transfer and
sorption to sediment, and degradation pathways – which will affect concentration levels in
natural water. Beyond sorption and degradation, climate and weather strongly influence VPRs
concentrations in natural waters with heavy rainfall resulting in higher flow rate and
significant dilution of VPRs in the waterbodies [54,57].
2.2.1. Partitioning and sorption
VPRs are found in different fractions of water: soluble fraction, colloidal fraction or particular
fraction [45,100,101]. Ionic and hydrophobic interactions known to occur between VPRs and
soil [7,8,10,11,16,35,44,102,103] will apply for the partitioning between VPRs and the
different fractions: colloids, solid particulate matter (SPM) and sediment. To determine the
partitioning behaviour and the dynamics of VPRs between the different phases (i.e. soluble,
colloidal, SPM, sediment), the calculation of a pseudo-partition coefficient (P-PC) is useful
[104,105]. (P-PC) is calculated as the ratio of the VPR concentration in the studied solid
phase (either colloidal, SPM or sediment) to the corresponding concentration in the water
phase (soluble).
Calculated P-PCs between water and SPM are presented in table 4 [45,101], and table 5
identified some of the P-PC between sediment and water phase calculated for veterinary
antibiotics [45,53,57,104–108] .
[Table 4]
[Table 5]

A

CC
E

PT

ED

Table 4 and 5 show that means P-PCs water – SPM and P-PCs water-sediment for antibiotics
increase in the following order: SAs and MLs (102 order) < TCs (up to 103) <
fluoroquinolones (FQs) (up to 104). As expected, TCs and FQs have a stronger binding
capacity to solid fractions (sediments and SPM) than SAs [100,101,106,107], as in soils. FQs
tend to be more persistent than MLs once in sediments [100] and have a higher tendency to
accumulate in sediments than TCs [108]. As SAs, trimethoprim, lincomycin and florfenicol
tend to be distributed only in the aqueous phase [109].
Thus, sediment constitute an important sink but also a potential secondary source for VPRs,
which can be released in water through sorption-desorption and re-suspension processes
[53,105,106,108,109]. However, no significant seasonal variations of SAs, MLs, TCs and
FQs concentrations in the sediment were reported in [100,107].
Sorption will also influence VPRs transport into groundwaters. As VPRs are mostly
ampholytic compounds, a retardation of their transport in groundwaters can be expected
because of ion sorption dominated by electrostatical interactions [110].
2.2.2. Degradation in water
In water, VPRs can be degraded and/or transformed through biotic (biodegradation) or abiotic
(hydrolysis or photolysis) processes. These degradation mechanisms are more efficient during
dry seasons, as a rise in temperature promotes microbial activity and photolysis [46,47,55].
Photolysis is an important degradation pathway of VPRs in surface water [17,26]. VPRs can
undergo direct photolysis with direct absorbance of photons [111] if there is an overlap
between the irradiation spectrum and the absorption spectra of the molecule [112]. VPRs that
7
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do not absorb light at λ > 290 nm do not undergo direct photolysis [111,112]. VPRs can also
be subjected to indirect photolysis or even self-sensitized photo-oxidation [113].
Indirect photolysis is induced by light absorption of components from dissolved organic
matter (DOM) or nitrates [26,111]. The components will generate various reactive species of
oxygen (ROS), such as light excited DOM, hydroxyl radical, peroxyl radicals, singlet oxygen,
and superoxide [18]. ROS can react with VPRs and increase their degradation [19]. However,
DOM can also prevent photolysis of VPRs by screening sunlight [18,19,114], by competitive
absorption of solar radiations [17], by quenching ROS [18,19], or by adsorbing VPRs
themselves [112]. In the end, indirect photolysis of VPRs will depends of the balance of each
opposite contribution of DOM (i.e. photosensitizing and/or inhibiting photolysis) [17]. Selfsensitized photo-oxidation is a process in which photo-sensitized organic compounds may
produce reactive singlet oxygen via the energy transfer from the light-excited triplet state of
the molecule to ground state.The reactive singlet oxygen will then transform and/or degrade
the organic compound by oxidation [111]. TCs, ionophores and phenicol antibiotics, are
subjected to self-sensitization photo-oxidation [19,111,115]. For phenicols, the photooxidation occurs on the carbon atoms and generate isomers of the parent compounds [111].
Table S3 presents the photolysis tests performed under experimental conditions close to
environmental conditions. For example, experiments performed in freshwater are preferred to
experiments performed in deionized water. Likewise, experiments performed under sunlight
are preferred to experiments performed in artificial light. When the study is performed on
deionized water, only direct photolysis is estimated. Both direct and indirect photolysis is
evaluated on freshwater, due to the presence of DOM.
Several parameters will influence the photolysis rate of VPRs such as VPR concentration
levels [26,114,116], water pH [17,27,116–118], ionic species (i.e. nitrates, phosphates,
divalent cations as Ca2+) [17,19,26,113,116,119,120], composition and concentration of DOM
[18,19,26,121], light intensity [116] and depth of natural waters [19].
Besides, VPRs can be biodegraded and/or biotransformed by bacteria [122–125] or fungi
present in water. However, fungi do not usually have a great role in degradation of
pharmaceuticals in the aquatic environment [126]. Concerning steroidal hormones, although
data are lacking, it has been suggested that they are subjected to biodegradation [34], and
biodegradation of antiparasitic drugs in soil has been reported [34]. Thus, it can be assumed
that biodegradation is also likely to occur in aquatic environment.
Hydrolysis is also a common reaction leading to abiotic degradation of substances in the
aquatic environment [127]. VPRs may either be stable in water or rapidly hydrolyzed.
Table 6 summarizes the degradation pathways reported by literature for the studied chemical
families. These studies focus on degradation pathways of antibiotics including ionophores.
Data on the environmental behaviour of antiparasitic drugs in water is missing in the
literature.
[Table 6]
According to Table 6, only SAs are reported to be subjected to biodegradation, while
hydrolysis has been observed for PENs, cephalosporins and TCs. Photolysis appears to be the
major degradation/transformation pathway of VPRs in natural waters. Moreover, according to
the half-lives reported in Table 6, photolysis degradation of VPRs is also occurring faster than
hydrolysis and biodegradation of VPRs.
Multiple transformation products can be generated during the degradation of parent
compounds [17–19,120,128]. Photolysis of fluoroquinolones leads to the formation of 5 and 2
photo-transformation products for enrofloxacin and marbofloxacin respectively [17], while
photolysis of the SAs sulfadimethoxine, sulfamethazine and sulfamethoxypyridazine
generated 11, 8 and 6 transformation products, respectively [18,128,129]. These TPs can be
more stable than the parent compounds as it was observed with sulfamethoxypyridazine and
8

sulfathiazole photo-degradation products for example [129,130]. Also TPs may still exercise a
biological activity or even be more toxic to the ecosystems than the parent compound
[26,119,128]. The antimicrobial-active transformation products 4-Epi-, α-apo-, and β-apooxytetracycline were identified during hydrolysis of oxytetracycline [120]. Altrenogest
photoproducts exhibit an androgenic activity comparable to that of altrenogest [131].
However TPs can also be inactive, as TPs generated during the photolysis of the ionophore
salinomycine or the aminoglycoside streptomycin [19,112].
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There is an evident lack of data on the occurrence of VPRs in tap water, as shown in table 7,
which includes only four studies from 2007 to 2017 [82,132–134].
[Table 7]
Due to this limited number of studies on VPRs in tap water (11 studies), the studies locations
are not specifically rural areas with livestock activities nearby. All studies analyzing at least
one VPR in tap water were taken into account. Neverthless, VPRs have been quantified in tap
water at lower concentrations than in water resources (both SW and GW), from 2 ng.L-1 [132]
to a maximum of 104 ng.L-1 [133]. In China, 6 VPRs were quantified in the 113 tap waters
sampled in 13 cities, up to 104 ng.L-1 for thiamphenicol [133]. During a national survey
conducted in France on 285 samples, only 3 of the 12 investigated compounds were detected
[82].
Besides the studies mentioned in table 7, a few other studies have investigated VPRs in tap
water but without detecting any [135–141].

ED

4. FATE OF VPRs IN DRINKING WATER TREATMENT PLANTS

A

CC
E

PT

In DWTPs, the VPRs are subjected to the same or very similar processes that they face in
water resources. Thus, their fate and behaviour in DWTPs depends on the same physical or
chemical reactions as in the environment (i.e. adsorption, oxidation, biodegradation).
Nowadays, DWTPs are not designed to treat VPRs, but because some VPRs have similar
physicochemical properties (polarity, molecular weight) to other micropollutants (pesticides
for example), some of them can be removed. For example, the use of membranes with
molecular weight cut-off varying between 200 and 400 Da is generally appropriate for
pesticides removal [142]. These results can be compared with nanofiltration removal
efficiencies observed by Dolar et al. [143] for VPRs such as febantel and ciprofloxacin.
For the production of tap water from surface water with high total organic carbon
concentration, the average DWTP has a clarification process, preceded or followed by
advanced treatment processes (i.e. activated carbon, oxidation, membranes filtration). The last
step is disinfection. A scheme of a DWTP is succinctly represented in Figure 3. Each
treatment step is described in details in the corresponding section below.
[Figure 3]
The table 8 summarizes removal rates for some VPRs reported during the different DWTPs
steps. The considered studies were mostly conducted at laboratory scale, thus the parameters
used vary from one study to another (i.e. VPR concentration, oxidant concentration, contact
9

time etc.) and may not be representative of full-scale DWTP conditions. The main bias in
laboratory studies is the VPRs concentration. For example, in studies reported on VPRs
adsorption on activated carbon, VPRs concentrations vary from 5 µg.L-1 [144] to 600 mg.L-1
[145], which are not representative of environmental concentrations. To compare, in a study
performed on full-scale DWTP [135], the reported concentration of the antibiotic
erythromycin in the influent prior to filtration on activated carbon was included between 0.8
and 1.4 ng.L-1.
[Table 8]
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4.1. Clarification
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4.2. Advanced treatment technologies
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Clarification consists of several steps: coagulation, flocculation, sedimentation and sand
filtration [146]. Clarification aims at reducing turbidity and total organic carbon by removing
particulate matter and colloids [147]. The main parameters that control clarification process
are the coagulant/floculant types and amounts, pH [146]. As VPRs can be adsorbed onto
particulate matter and colloids, they may be removed during the clarification process,
depending on their physicochemical properties (log Kow and pkas) [147]. TCs are amphoteric
compounds which possess three pkas and they are known to bind on particulate matter and
colloids by ionic exchanges in raw water. Coagulation of seven TCs was studied on river
water at lab-scale, with aluminum polychloride as coagulant [148]. Coagulation was effective
to remove TCs with optimum removal rates ranged between 47% and 66% for an incoming
concentration of 100µg/L of TCs and 60mg/L of coagulant. However, most studies indicate
that clarification steps alone poorly remove VPRs [28,48,144,149–151], for any operating
conditions.

ED

Oxidation processes, adsorption on activated carbon, and membrane filtration processes
(ultrafiltration, nanofiltration) are classified as advanced treatment technologies and are
mainly used on raw surface water [146].

PT

4.2.1. Oxidation processes
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Pre-oxidation can be performed as first step of the process, using either KMnO4, chlorinederived species, or ozone (O3). The aim of pre-oxidation is to eliminate mineral compounds
such as iron or manganese, which can modify the color and taste of water, but also algae
[152]. An intermediate oxidation step sometimes takes place after clarification using O3 only.
Its goal is to enhance the degradation of micropollutants and residual organic matter. Finally,
oxidation is performed for a third time as the last step in the whole treatment process. It is the
disinfection step, which aims to eliminate all micro-organisms before distribution of the
treated water. Disinfection can be performed either with O3, chlorine-derived species or
ultraviolets (UV) [153]. The oxidant type impacts the process. Ben et al. [154] found that the
reaction rates constants of SAs with chlorine dioxide at pH7 and 20°C were higher than with
free chlorine, but lower than with ozone under comparable experimental conditions. Besides
the oxidant type, the contact time and the dosage of the oxidant is different between preoxidation, intermediate oxidation and disinfection [147]. VPR degradation rate during the
oxidation steps will depend on those parameters, with enhanced degradation at higher oxidant
doses and through longer contact time. Garoma et al. [151] studied the influence of ozone gas
10

concentration on ozonation reaction of four sulfonamides. At 120 seconds of reaction, SAs
removal ranged between 90 and 99% for 3.2 mg.L-1 of ozone gas applied. For the same
reaction time, SAs removal ranged between 65 and 80% when using an ozone concentration
of 2.3 mg.L-1. Thus, results showed that the removal of all sulfonamides increased as ozone
gas concentration increased [151].
Oxidation processes can lead to the formation of oxidation by-products that may be more
toxic than the parent compound. Currently, the formation pathway, the chemical structure and
the potential impacts towards human health of those transformation products are largely
unknown [21].
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4.2.1.1.
KMnO4
Pre-oxidation can be performed as first step of the process, using potassium permanganate
(KMnO4), chlorine-derived species, or ozone (O3). In a full-scale DWTP, up to 87% and 89%
of florfenicol and flunixin, respectively, were removed during the pre-oxidation (using
KMnO4) and coagulation stages (using aluminum polychloride). However, this high removal
rate was probably largely due to the pre-oxidation step [155].
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4.2.1.2.
Ozonation
Ozone has an important reduction potential (E=2.07V), superior to Cl2 (E= 1.36 V).
Consequently, it is a powerful oxidant [156]. It can interact with VPRs either directly or via
hydroxyl radicals formed during ozone decomposition at pH 7 or higher [24,29,151,157]. SAs
(sulfadiazine and sulfamethoxazole) antibiotics and nitroimidazole antibiotics (metronidazole,
dimetridazole, tinidazole, ronidazole) had a higher degradation rate when reacting with
hydroxyl radical formed during ozone decomposition than when reacting with molecular
ozone [29,157]. Therefore, the ozone process is usually more efficient at alkaline pH
[29,151,156]. An exception was noted in [24], where sulfaquinoxaline degraded faster and
more efficiently (99% in one minute) at acidic pH when reacting only with molecular ozone
at 2.8 mg/L. The exception was explained by the greater selectivity of ozone towards
sulfaquinoxaline compared to hydroxyl radicals [24]. At a full-scale DWTP, ozonation was
the main step responsible for antibiotics degradation, with an removal rate of 65% for 1 mg/L
of ozone [158]. Removal rates during ozonation may be reduced by organic matter and
inorganic salts in water resources which can act as scavengers during radical reactions
[24,48,151]. The degradation products formed and their properties depend on the oxidant
(ozone or hydroxyl radical) most prevalent in the process [156]. When antibiotics react
directly with ozone, degradation products appear to be biologically inactive. However, when
antibiotics react with hydroxyl radicals, toxic and persistent degradation products could be
generated [23,24,29,156]. For example, four degradation products were identified after
sulfaquinoxaline ozonation, including three highly toxic and persistent compounds [24].
Moreover, assessing VRPs degradation pathways during ozonation is a complex task, because
one VPR can lead to many by-products. For example, 27 degradation products of
lomefloxacin and 9 degradation products of tetracycline have been identified after ozonation
reactions [23].
4.2.2. Adsorption on activated carbon
Activated carbon is used to adsorb and sometimes biologically degrade (after ozonation)
organic matter and micropollutants [147]. The adsorption level of VPRs on activated carbon
depends on the nature, the surface area and the porosity of the adsorbent as well as on the
properties of the VPR (i.e. size; log Kow and pKa) [49,145]. Adsorption on powder or
granular activated carbon is known to remove efficiently hydrophobic pharmaceuticals from
water [28,48,49]. VPRs are not destructed but transferred to another phase [48,159] thus
11
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avoiding the formation of transformation products [48], except with biological activated
carbon. Biological activated carbon consists in microorganisms adsorbed on the surface of the
activated carbon and forming bacteria colonies [145]. Thus, VPRs may be biotransformed by
contact with the bacteria and generate TPs.
Powder activated carbon at 20mg/L (pore size of 3.03nm, specific surface area of 853m2/g)
showed high adsorption capacity (>85%) on antibiotics belonging to six different chemical
families (SAs, TCs, phenicols, quinolones, MLs, and PENs) in surface water [144]. FQs were
also efficiently eliminated by powder activated carbon (diameter of 40 µm) in [160], where
the removal rate of five FQs reached 80-96% after 30-40 hours. Granular activated carbon
filtration efficiently removed more than 68% of the seven tetracyclines studied by [148]. Two
different carbons were used in this study, a coconut-based carbon (pore volume of 0.495 cc/g,
specific surface area of 1230 m2/g) and a coal-based carbon (pore volume of 0.548 cc/g,
specific surface area of 1110 m2/g). Coal-based carbon was a bit more efficient, maybe due to
a larger pore volume, but it was not significantly different. Biological activated carbon
filtration can also be used as in [158]. For a contact time of 15 minutes, this system accounted
for 23%, 23% 20%, 19%, 17% of amoxicillin, sulfamethoxazole, oxytetracycline,
sulfamethazine and tetracycline removals respectively. Even if studies number on activated
carbon is limited for now (few compounds tested, and few AC types), the results tend to
demonstrate that activated carbon participates to the removal of VPRs in DWTPs.
Nevertheless, future work will need to assess which carbon type will be more efficient for
specific VPRs.
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4.2.3. Membrane filtration
Membrane processes, such as ultrafiltration (UF) and nanofiltration (NF) are used to remove
natural organic matter and disinfection by-product precursor matter such as humic acids
[161]. Membranes will act as physical barriers that will reject some compounds and let some
other pass through, depending on the membranes pore size and molecular weight of the
substances [32]. Concerning micropollutants, results are mixed [162], even if membrane
processes prove to be highly efficient in the removal of some micropollutants ([32,48,163]).
The efficiency of VPRs rejection by membrane filtration depends on VPR properties (size,
molecular weight, etc.), membrane properties (molecular weight cut-off, pore size, surface
charge, etc.), matrix composition (presence and nature of organic matter, ionic strength) and
temperature [32,143]. The main rejection mechanisms for a membrane are charge and size
exclusion [143,163]. Thus, an important aspect to consider with membrane filtration is the
molecular weight cut-off, which reports the molecular weight (expressed in Dalton) of a
hypothetical non-charged solute that is 90% rejected [142]. In [163], nanofiltration rejections
were higher than 95% for VPRs with a molecular weight higher than 300 g/mol. As a result,
TCs antibiotics with molecular weight of around 450 g/mol were completely rejected, while
sulfamethoxazole, the SAs with the lowest molecular weight (253 g/mol), had the smallest
rejection rate. Therefore, only small VPRs with a molecular weight inferior to the cutoff
molecular weight of the membrane will pass through membranes processes. In a laboratoryscale test, three VPRs from different therapeutic classes (ciprofloxacin, dexamethasone and
febantel) present in ultrapure water were removed (> 97%) with the 4 different nanofiltration
membranes (NF90, NF270, NF and HL) [143]. In some cases, like in presence of organic
matter in the matrix, even small VPRs can be rejected by interacting with organic matter to
form a macromolecular complex rejected by size exclusion. They can also undergo
hydrophobic interactions with the membrane caused by organic matter, thus narrowing the
pores and leading to a higher rejection [143].
Some studies mention that there is no generation of by-products with membranes [32].
Nevertheless, microbial attachment and growth on membranes [164] may lead to the
12

generation on TPs by biodegradation. Depending on their sizes and molecular weights, TPs
may be rejected or pass through the membrane.

4.3. Disinfection
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Disinfection is the last step in the whole treatment process. It aims to eliminate all microorganisms before distribution of the treated water. Disinfection can be performed either with
O3, chlorine-derived species or ultraviolets (UV) [153].

4.3.1. Chlorination
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Several species with chlorine are used in DWTPs to disinfect water (free chlorine, chlorine
dioxide, chloramines) but also have the potential to oxidize micropollutants. Free chlorine
(i.e. hypochlorite anion and hypochlorous acid) is a non-selective oxidant widely used in
DWTP at the disinfection step [21,23].
In full-scale DWTPs, different behaviours of VPRs were observed when reacting with free
chlorine. In [158], only 4% of all antibiotics were removed during the disinfection step. This
percentage was explained by the low concentrations of antibiotics in the influent (below 10
ng.L-1) and the low dosage of chlorine. It can be assumed that the low amount of chlorine will
be preferentially consumed by other compounds and/or micro-organisms having higher
chlorine demand than antibiotics. The quinolone flumequine, which does not have a
piperazine ring, does not react at all with chlorine and the FQ enrofloxacin reacts very slowly
[23]. As an explanation, organic matter may interact and form complexes with VPRs, slowing
down the reaction rate with chlorine species [32]. Other VPRs are known to react heavily with
chlorine such as trimethoprim, tetracyclines and FQs like ciprofloxacin or levofloxacin [23].
A major drawback of chlorination is the formation of disinfection by-products can retain the
initial biological activity of the parent compounds, or even become more toxic than parent
compounds [22]. Disinfection by-products of the antibiotic carbadox are believed to retain
antibacterial activity as the biological active n-oxide group remains in their structures [23].
Sulfamethazine degradation by chlorine induces the formation of trihalomethanes and
haloacetic acids, which are undesirable chlorination by-products, potentially carcinogenics
[149]. 38 disinfection by-products were generated during the chlorination of
sulfamethoxazole, sulfathiazole and sulfadimethoxine [21]. Fifteen of these disinfection byproducts may have retain antibacterial activity as their their sulfonamide functional group was
preserved. Besides, 21 disinfection by-products may have acquired negative and toxic effects
by the incorporation of a chlorine atom in their chemical structure [21].
Chlorine dioxide is used to replace conventional chlorine species because it does not lead to
the formation of halogenated species like trihalomethanes when reacting with organic
compounds [32,150,165,166]. Instead, chlorine dioxide induces the formation of oxygenated
and hydroxylated products when reacting with TCs [23]. In addition, chlorine dioxide is more
selective than free chlorine, and does not react with aromatic, hydrocarbons, carbohydrates,
primary and secondary amines, aldehydes, and ketones or piperazine ring. Consequently, the
antibacterial activity of FQs remains after the disinfection step with chlorine dioxide. Chlorine
dioxide reacts with phenols and tertiary amine groups or piperazine rings [23,32,166]. This is
supported by the fact that [166] noticed a chlorination of the piperazine ring of enrofloxacin
and ciprofloxacin.
Chloramine can also be used for disinfection in DWTPs. However, there is a concern that
their reaction with micropollutants like VPRs may lead to the formation of carcinogenic N13

nitrosodimethylamine (NDMA) [28]. Indeed, some VPRs with diethylamine groups are very
reactive with chloramine. Spiramycin and minocycline were transformed respectively at 3.4
and 4.9% into NDMA in [28]. The carcinogenic effect of the resulting NDMA solutions has
not been assessed in the study. However, as NMDA is classified as a carcinogenic compound
at low concentration levels (ng.L-1) [28] it can be assumed than it can be harmful to human
health.

4.3.2

Ultraviolets (UV)
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UV (254 nm) is used in DWTPs as a disinfectant, but it can also contribute to the reduction of
water contamination by some chemical families of VPRs. Efficiency of VPRs removal by UV
oxidation depends on the ability of the VPR to absorb at 254 nm, the UV fluence (i.e. UV
dose, expressed in mJ/m2) and on the irradiation time [167,168]. For twelve SAs
(sulfaguanidine, sulfadiazine, sulfamerazine, sulfamethazine, sulfathiazole, sulfamethizole,
sulfamethoxazole, sulfonamide, sulfisoxazole, sulfachloropyridazine, sulfamethoxydiazine,
sulfadimethoxine) direct UV photolysis at 254 nm was very efficient, with removal rates
between 95% and 100% after 30 minutes of irradiation. It was noticed that SAs with a fivemembered heterocycle undergo a higher removal rate than sulfonamides with a six-membered
heterocycle [169]. Four ionophores (monensin, salinomycin, nigericin and narasin) were
completely degraded in 300 seconds. Faster degradation was observed for salinomycin and
narasin than monensin. This difference was attributed to the extra double bonds of narasin and
salinomycin [168]. UV photolysis can generate transformation products with equal or higher
antibacterial activity. For example, the FQ enrofloxacin can be degraded into ciprofloxacin,
which is also used as a pharmaceutical [167].

4.4. Overall removal efficiencies
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In [158] the behavior of six veterinary antibiotics was studied in an industrial-scale DWTP
including coagulation, sedimentation, sand filtration and chlorination processes, combined
with an advanced treatment process composed of ozonation and biological activated carbon.
91% of total antibiotics were removed during the whole process (85% for amoxicillin; 86%
for oxytetracycline; 92% for tetracycline; and complete removal for sulfamethoxazole,
sulfamethazine, and erythromycin) [158].
In 2011, [135] studied a DWTP composed of dioxychlorination, clarification and a separation
of water into two parallel treatment lines. The first treatment line was a conventional one
(ozonation and granular activated carbon filtration) and the second an advanced one
(ultrafiltration, ultraviolets and reverse osmosis). The two different treatment lines
(conventional one and advanced one) were then blended and the water was chlorinated and
distributed. Reverse osmosis is not usually used for drinking water treatment, but in [135] the
raw water quality was altered by salt mine exploitations, so reverse osmosis was applied for
desalination.
Six veterinary antibiotics (lincomycin, sulfamethoxazole, sulfadimethoxine, sulfamethazine,
trimethoprim and tylosin) were studied and efficiently eliminated with removal percentages >
99%. Lincomycin, sulfamethoxazole and trimethoprim were totally removed with both
applied treatments (conventional and advanced). The conventional treatment was more
effective to remove sulfadimethoxine and sulfamethazine than the advanced treatment. On the
other hand, tylosin was eliminated at 99% with the advanced treatment and at 94% with the
conventional treatment [135].
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Other studies reported complete removal of the studied VPRs with conventional treatments
for the following compounds: lincomycin [147,170], sulfamethazine [170], sulfadimethoxine
[170], and sulfathiazole [170], tiamulin [147], flunixin [155]. Influent concentration levels
ranged from 4 ng.L-1 to 50 ng.L-1 [147,155,170].

CONCLUSION AND WAY FORWARD
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VPRs have been widely quantified in natural waters (either surface water or groundwater)
between 2007 and 2017, from 1 ng.L-1 to 255µg.L-1. This demonstrates that natural waters
contamination by VPRs is still an actual issue that must be evaluated and managed. Plenty of
parameters are involved in the dynamics (occurrence, mobility, persistence) of VPRs in
natural water, depending on spatial aspects and temporal aspects. An emphasis is made on
sales and uses of VPRs which are major factors impacting their occurrence. The update
provided in this review on VPRs sales worldwide (regarding the available information) shows
that sales tend to decrease in most countries with the exception of the USA and in New
Zealand. TCs are the most sold veterinary antibiotics worldwide, followed by PENs, MLs and
SAs. Compared to ten years ago, more countries sales data are available in the public domain
which is an improvement. Indeed, sales information enables a better targeting of the
compounds to be sought in the environment of specific countries. Nevertheless, sales
amounts of probably important VPRs consumer countries such as China, India or Canada are
not yet available. Considering fate of VPRs in natural waters, studies published over the past
few years have provided knowledge on the degradation mechanisms in natural waters. VPRs
can be degraded or transformed by biodegradation, hydrolysis or photolysis. Photodegradation appears to be the major degradation pathway in SW.
Only few studies were published on VPRs occurrence in tap water (11 studies), as shown in
section 3. Nevertheless, veterinary antibiotics have been detected from traces to 100ng.L-1.
Those concentration levels are unlikely to cause acute toxicity effects on human health[171].
However there is a concern as VPRs are added to the cocktails of micropollutants already
present in drinking water, such as human drug residues, pesticides, biocides, flame retardants,
metals [172,173]. It is therefore important to understand fate of VPRs in DWTPs. Overall
removals of VPRs in DWTPs generally exceed 90% and advanced treatment processes
(oxidation processes, adsorption on activated carbon, membrane filtration) greatly contribute
to these removals. However, studies in VPRs fate performed on full-scale DWTPs are scarce
(6 studies).
Figure 4 is focusing on studies on fate of VPRs in natural waters and fate of VPRs in DWTPs
(however, studies on VPRs occurrence in natural and tap water are not considered). Among
the 38 studies dealing with VPRs fate in natural waters, only 18% were conducted under
environmentally relevant conditions. Conditions considered as environmentally relevant were
the following: VPRs concentrations below 100µg.L-1; natural sunlight; natural water.
Conditions considered as environmentally irrelevant were the following: VPR concentrations
higher than 100 µg.L-1, artificial sunlight, deionized water.
[Figure 4]
Among the 28 selected papers on the fate of VPRs in DWTP, only 21% were performed under
relevant full-scale DWTP conditions (Figure 4). Additional parameters such as concentration
of the reactive used in DWTP (oxidant for example) and contact time were considered. This
suggests that results of fate studies in DWTP should be considered with caution as the
removal rates may be different in full-scale DWTP conditions. Although the issue of
experimental conditions and experimental concentrations levels has long been emphasized in
15

order to accurately reproduce environmental phenomena, it seems that there are still
improvements to be made.
Also, oxidation processes can result in the formation of oxidation by-products that may be
more toxic than the parent compound. Currently the formation pathway, the chemical
structure and the potential impacts of these transformation products on human health are
largely unknown and need to be investigated. To finish, many VRPs have not been
investigated yet. There is a scientific gap on the occurrence and fate of antiparatic drugs in
natural waters and tap water (only 11 studies considered versus 105 studies on antibiotics).
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FIGURE 1: Concentration ranges (ng/L) of VPRs frequently searched in natural waters
(2007-2017) (na samples>100)b

a

n = number of samples where the compound was searched (all studies included)
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All details (studies references, studies locations…) can be found in Table S1 and Table S2 in
Supplementary Information
b

c

Out-of-scale value (Chlortetracycline : 44 µg/L)

d

Out-of-scale value (Oxytetracycline : 68 µg/L)

e

Out-of-scale value (Tetracycline : 255 µg/L)
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FIGURE 2: Concentration ranges (ng/L) of VPRs less searched in natural waters (20072017) (na samples<100)b
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a

n = n number of samples where the compound was searched (all studies included)

All details (studies references, studies locations…) can be found in Table S1 and Table S2 in
Supplementary Information
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TABLE 1: Sales of VPRs in France [91], Europe [89] and USA [87]

Sulfadiazine
Sulfamethazine
Sulfadimethoxine
Sulfaguanidine
Sulfamethoxypyridazine
Sulfadoxine

111

PENs

Amoxicillin
Ampicillin
Penicillin G
Phenoxymethylpenicillin
Cloxacillin

A

PENs

CC
E

PT

ED

SAs

Chemical
family
TCs

A

TCs

SALES IN FRANCE IN 2016
Authorized Compounds
Sales (tons of
in 2016
active ingredient)
Chlortetracycline
185
Doxycycline
Oxytetracycline

M

Chemical family

78

SAs

SALES IN EUROPE IN 2015*
Authorized compounds in
Sales (tons of
2010-2015
active ingredient)
Chlortetracycline
2723
Oxytetracycline
Tetracycline
Doxycycline
Amoxicillin
2072
Ampicillin
Penicillin G
Phenoxymethyl-penicillin
Pheneticillin
Penethamate
Cloxacillin
Dicloxacillin
Nafcillin
Oxacillin
Metampicillin
Formosulfathiazole
Phthalylsulfathiazole
Sulfacetamide
Sulfachlorpyridazine
Sulfaclozine
Sulfadiazine
Sulfamonomethoxine
Sulfadimethoxine
Sulfamethazine
Sulfadoxine
Sulfafurazole
Sulfaguanidine
Sulfalene
Sulfamerazine
Sulfamethizole
Sulfamethoxazole

31

978

SALES IN UNITED STATES IN 2016
Chemical
Actively Marketed
Sales (tons of
family
Compounds in 2016 active ingredient)
TCs
Chlortetracycline
5867
Oxytetracycline
Tetracycline
Ionophores

Laidlomycin
Lasalocid
Monensin
Narasin
Salinomycin

4603

Others **

Novobiocin
Florfenicol
Ormetoprim
Bambermycins
Avilamycin
Tiamulin
Polymyxin B1
Bacitracin
Carbadox
Virginiamycin

1235

I
N
U
SC
R
Spiramycin
Erythromycin
Tilmicosin
Tylosin

MLs

M

MLs

56

ED

Dihydrostreptomycin
Apramycin
Gentamicin
Neomycin
Spectinomycin

37

Polymyxins

Erythromycin
Gamithromycin
Oleandomycin
Spiramycin
Tildipirosin
Tilmicosin
Tulathromycin
Tylosin
Tylvalosin
Colistin
Polymyxin B

CC
E

PT

Aminoglycosides

A

Sulfamethoxypyridazine
Sulfanilamide
Sulfapyridine
Sulfaquinoxaline
Sulfathiazole
Sulfazuinoxaline
598

PENs

Amoxicillin
Ampicillin
Cloxacillin
Penicillin

843

561

MLs

Erythromycin
Gamithromycin
Tildipirosin
Tilmicosin
Tulathromycin
Tylosin
Tylvalosin

555

A

*Sales in Europe integrate 30 european countries sales data, including France
** Others include the following: Aminocoumarins, Amphenicols, Diaminopyrimidines, Glycolipids, Orthosomycins, Pleuromutilins,
Polymyxins, Polypeptides, Quinoxalines, Streptogramins
Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides
TABLE 2: Sales of VPRs in Korea [95] and Japan [96] in 2015

MOST SOLD VPs IN KOREA (2015)
Chemical family
Compound
Sales of active

MOST SOLD VPs IN JAPAN (2015)
Chemical family
Compound
Sales of active
32
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TCs

ingredient (tons)
159

Oxytetracyline

TCs

SALES IN AUSTRALIA IN 2010

CC
E

PT

ED

M

A

SALES IN NEW ZEALAND IN 2014

Oxytetracycline

ingredient (tons)
179

A

PENs
Amoxicillin
140
TCs
Phenicols
Florfenicol
92
TCs
TCs
Chlortetracycline
76
SAs
PENs
Ampicillin
57
MLs
MLs
Tylosin
39
MLs
Quinolones
Enrofloxacin
37
PENs
SAs
Sulfathiazole
32
Pleuromutilins
SAs
Sulfamethoxazole
28
PENs
Pleuromutilins
Tiamulin
18
Lincosamides
Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides
TABLE 3: Sales of VPRs in New-Zealand in 2014 [99] and in Australia in 2010 [98]
33

Doxycycline
Chlortetracycline
Sulfamethoxazole
Tylosin
Erythromycin
Ampicillin
Tiamulin
Amoxicillin
Lincomycin

79
76
60
48
38
37
32
31
29

I
Compound

N
U
SC
R

Chemical family

Sales of active
Chemical family
ingredient (tons)
23
Polypeptides

Zinc Bacitracin

PENs

Amoxycillin
Benzylpenicillin
Ampicillin
Cloxacillin
Penethamate Hydriodide
Chlortetracycline
Oxytetracycline
Doxycycline

TCs

9

MLs + Streptogramins Erythromycin
Kitasamycin
Oleandomycin
Tilmicosin
Tulathromycin
Tylosin
Virginiamycin
PENs + betaAmoxycillin
lactamase inhibitors
Ampicillin
Benzathine penicillin
Clavulanic acid
Cloxacillin
Penethamate
Procaine penicillin

54

SAs +
diaminopyrimidine

13

M

Clindamycin
Oleandomycin
Erythromycin
Pirlimycin
Tilmicosin
Lincomycin
Spiramycin
Tylosin
Tulathromycin
Sulfadiazine
Sulphamethoxazol
Sulphapyridine
Sulphadimethoxine
Sulphamethoxypyridazine
Sulphaquinoxaline

8

A

CC
E

MLs +
Lincosamides

PT

ED

TCs

SAs

Zinc Bacitracin
Polymixin B

4

34

Chlortetracycline
Doxycycline
Oxytetracycline
Tetracycline

Sales of active
ingredient (tons)
113

14

A

Polypeptide

Compound

Phthalylsulfathiazole
Sulfacetamide
Sulfadiazine
Sulfamethazine
Sulfadoxine
Sulfaquinoxaline

58

26

I
N
U
SC
R

Trimethoprim

ED

M

A

Sulphaguanidine
Sulphanilamide
Sulphathiazole
Sulphamerazine
Sulphamethoxypyridazine
Sulphasoxazole
Sulphamethazine
Sulphanilamide
Trimethoprim

Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides

PT

TABLE 4: Pseudo-partitioning coefficients water – SPM of VPRs reported in literature

CC
E

Chemical family

Molecule
a

Sulfadiazine

A

SAs

Sulfamethazine
Enrofloxacin

FQs

Ofloxacin
Norfloxacin
Oxytetracycline

TCs
Tetracycline

P-PCSPM
(L/kg) rangeb
5 -1167
/c
25 - 4192
/
/
77 - 13457
/
96 - 3325
40 - 5188
/
221 - 6173
/

Mean P- PCSPM
(L/kg)
249
102
1220
1295
5722
3456
3930
574
1472
35403
2572
31379
35

Reference
[101]
[45]
[101]
[45]
[45]
[101]
[45]
[101]
[101]
[45]
[101]
[45]

I
Pseudo-partition coefficient between water and SPM (Solid Particulate Matter)

b
c

N
U
SC
R

a

Range: variability among the different samples

Values are not reported in the study

A

Acronyms: TCs: Tetracyclines SAs: Sulfonamides FQs: Fluoroquinolones

M

Table 5: Pseudo-partitioning coefficients water –sediment of VPRs reported in literature
Chemical family

ED

Molecule

Sulfachloropyridazine

PT

Sulfadiazine

CC
E

Sulfadimethoxine
Sulfadoxine

A

SAs

Diaminopyrimidines
MLs

Sulfamethazine
Sulfamethoxazole
Sulfamonomethoxine
Sulfapyridine
Sulfathiazole
Trimethoprim

Erythromycin

P-PCSeda (L/kg)
rangeb
Not detected (ND)c
- 287
518 - 3279
ND - 332
/
ND - 432
2 - 71
356 - 1414
64 - 344
42 - 182
57 - 232
ND - 22
27 - 89
ND - 195e
/
15 - 789
/
37 - 1811
45 - 247
ND - 2030

Mean P- PCSed
(L/kg)
254
/d
223
402
312
/
/
225
/
185
/
/
/
378
/
211
/
105
/
36

Reference
[104]
[105]
[104]
[106]
[104]
[53]
[105]
[104]
[53]
[104]
[53]
[53]
[53]
[106]
[53]
[106]
[105]
[107]
[53]

I
N
U
SC
R

Roxithromycin

M

Enrofloxacin

ED

Fleroxacin
Lomefloxacin
Marbofloxacin
FQs

A

CC
E

PT

Norfloxacin

Ofloxacin

Pefloxacin
Sarafloxacin
Chlortetracycline
Doxycycline

TCs

Oxytetracycline

Tetracycline

/
/
91
/
/
635
1003
/
/
/
/
/
16543
/
838
9493
356
/
771
/
/
305
842
/
1267
/
951
786
1051
/
1020

A

Tylosin
Danofloxacin
Difloxacin

168 - 51934
ND - 1810
/
ND - 214
31 - 3530
36 - 1457
ND - 1266
753 - 5800
44 - 2620
63 - 184
313 - 1370
31723 - 68065
4493 - 47093
ND - 5440
ND - 1022
5925 - 12465
40 - 1071
212 - 5500
ND - 1066
ND - 2990
3380 - 6510
/
ND - 1018
2 - 18
/
/ - 1398
277 - 1398
ND - 968
/
/ - 1410
768 - 1227

37

[105]
[53]
[106]
[53]
[53]
[45]
[104]
[53]
[53]
[53]
[53]
[105]
[108]
[53]
[104]
[108]
[45]
[53]
[104]
[53]
[53]
[106]
[104]
[53]
[106]
[57]
[108]
[104]
[106]
[57]
[108]

I
[53]
[104]
[53]

A

Pseudo-partition coefficient between water and SPM (Solid Particulate Matter)

b
c

Florfenicol

/
687
/

Range: variability among the different samples

Not detected

d

Values are not reported in the study

M

a

N
U
SC
R

Phenicols

347 - 10000
351 - 844
<1 - 3

A

CC
E

PT

ED

Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides FQs: Fluoroquinolones
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I
PENs

TCs

A

Quinolones
SAs

Direct
photolysis
YES
NO

Indirect photolysis
NOb
YES

Min-max
photolysis half-life
27 seconds
/

/

/

/

/
NO [114,116]
/
/

NO
YES
YES
NO

YES
NO
/
YES

4.1-7.6 days
7.7 – 29 min
5 - 59 min
4,1 days

/

NO [178]

YES

YES

53 hours

YES (20-27 days)
[16,180,181]
NO [176]

/

/

NO

NO

/

NOc [127]

YES

YES

13 min – 14 hours

YES

YES

0.19 – 5 days

[26,120,176]

200 days

[184]

CC
E

Phenicols
FQs
Ionophores (lasalocid)
Ionophores (monensin)
Ionophores
(salinomycine, narasin)

NO [179]

/
YES (17 -153 days)
[122–124]
/
NO [184]

MLs
a

YES (16-116 days)
[120,176,183]
NO [177]

YES d

Photolysis references
[131]
[112]

[111]
[17,27,113,114,116,119]
[19,178]
[19]
[19,178]
/

/

[176]
[18,121,128,130,182]

Data not available

b
c

A

N
U
SC
R
Cephalosporins

Hydrolysis
(min-max half-lives)
/
/
YES (2.5-22 days)
[174,175]
NO [176,177]
NO [17,114]
NO [178]
NO [178]

ED

Altrenogest (hormone)
Aminoglycosides

Biodegradation
(min-max half-lives)
/a
/
NO [174]

PT

Compounds

M

TABLE 6: Fate of VPRs in natural waters

direct photolysis too fast

on the 12 studied compounds only 3 were partly and slowly degraded: sulfadiazine, sulfachloropyridazine and sulfamethoxypyridazine
39

I
N
U
SC
R

d

No distinction between direct and indirect photolysis

M

A

Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides FQs: Fluoroquinolones

TABLE 7: Occurrence of VPRs in tap water

Drug name

A

CC
E

PT

Family

ED

Min. – Max.
Median
Study Place
conc. (ng/L)
conc.
/
Erythromycin
5
USA (North Carolina)
/
4
USA (North Carolina)
MLs
/
Tylosin
/ - 20
France (nationwide survey)
6
/-7
China
9
Sulfamethazine
/ - 90
China
SAs
<4
Sulfathiazole
27
China
/
Antibiotics
TCs
Oxytetracycline
1
China
/
FQs
Danofloxacin
/ - 57
France (nationwide survey)
/
Quinolones
Flumequine
2-3
USA (North Carolina)
/
Florfenicol
< 50
France (nationwide survey)
Phenicols
18
Thiamphenicol
/ - 104
China
7
Dimetrizadole
/ - 15
China
Nitroimidazoles
2
Metronidazole
/ - 19
China
Acronyms: TCs: Tetracyclines SAs: Sulfonamides MLs: Macrolides FQs: Fluoroquinolones

Type molecule

40

Reference
[132]
[132]
[82]
[133]
[133]
[133]
[134]
[82]
[132]
[82]
[133]
[133]
[133]

I
N
U
SC
R

A

CC
E

PT

ED

M

A

FIGURE 3: Representation of a drinking water treatment plant

41

I
N
U
SC
R

Compound

Clarification
only

Clarification
+ KMnO4

Chlorination

Ozonation

A

CC
E

PT

ED

M

A

Chemical family

TABLE 8: Removal rates of VPRs during different DWTPs steps
42

UV

Activated
carbon

Membranes

References

I
Sulfamethoxazole

<10%

/

Sulfadiazine
Sulfaquinoxaline
Sulfathiazole
Sulfamethizole
Sulfaguanidine
Sulfamerazine
Sulfadimethoxine
Sulfisoxazole
Sulfachloropyridazine
Sulfameter
Sulfamonomethoxi
ne
Sulfamethoxypyrid
azine
Sulfapyridine
Oxytetracycline

/
/
/
/
/
/
/
/
/

/
/
/
/
/
/
/
/
/

FQs

M

ED

67%

100%

>60%

[24,144,149,158,163]

>70%

[144,158,163,169,170]

100%
>94.6%
100%
100%
100%
94.6%
>94.6%

19%94.6%
23% 86.8%
97.5%
/
/
90.8%
96.9%
90.6%
89.3%
/
93.2%

>75%

76 - >90%

>94.6%

/
/
/
/
/
/
/
/
/

>90%
99%
>90%
>90%
/
/
/
/
/

100%

/
/
60%
>60%

[144,151,169]
[24]
[151,163,169]
[151,163,169]
[144,169]
[144,163,169]
[144,163,169]
[169]
[144,163,169]

>60%
80%
/
>60%

/
/

/
/

/
/

/
/

95.5%
93.6%

/
/

[144]
[144]

/

/

/

/

/

97.2%

/

[144]

/
<10% - 47%

/
/

/
/

/
57%

/
/

/
100%

[144]
[144,148,158,163]

<10% - 49%

/

/

71%

/

100%

[144,148,158,163]

Chlortetracycline

38-55%

/

/

/

/

100%

[144,148,163]

Doxycycline
Flumequine
Oxolinic acid
Lomefloxacin
Enrofloxacin
Pefloxacin
Difloxacin
Ofloxacin
Sarafloxacin
Norfloxacin

22-42%
/
/
/
/
/
/
/
/
/

/
/
/
/
/
/
/
/
/
/

/
0%
/
/
/
/
/
/
/
/

/
/
/
93%
/
/
/
/
/
/

/
/
/
/
14%
19%
12%
/
/
/

96.8%
20% 97.6%
17% 99%
>80% 99.5%
/
98.7%
99.4%
>80%
>80%
/
/
>80%
>80%
>80%

/
/
/
/
> 92.1%
/
/
/
/
/

[144,148,163]
[23,144]
[144]
[156,160]
[160,167,185]
[167]
[167]
[160]
[160]
[160]

CC
E

A

Quinolones

95%

/
/

Tetracycline

TCs

N
U
SC
R

/

A

<10%

PT

SAs

Sulfamethazine

43

NSAIDsa
a

N
U
SC
R

I
Ionophores

A

β-lactams

/
/
/
/
87%
/
/
/
/
/
/
/
89%

M

Phenicols

<10%
/
/
/
/
/
<10%
/
/
/
/
/
/

ED

MLs

Erythromycin
Kitasamycin
Roxithromycin
Spiramycin
Florfenicol
Chloramphenicol
Amoxicillin
Penicillin G
Monensin
Salinomycin
Nigericin
Narasin
Flunixin

>75%
/
/
/
90%b
75%
100%
100%
/
/
/
/
/

100%
/
/
/
/
/
54%
/
/
/
/
/
/

/
/
/
/
/
25%
/
/
100%
100%
100%
100%
/

96.3%
99.6%
95.1%
91.7%
98.5%
98.4%
23%
96.2%
/
/
/
/
/

NSAIDs : nonsteroidal anti-inflammatory drugs
chlorination + filtration

PT

b

A

CC
E

Acronyms: TCs: Tetracyclines SAs: Sulfonamides PENs: Penicillins MLs: Macrolides FQs: Fluoroquinolones
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/
/
/
/
/
/
/
/
/
/
/
/
/

[144,158,170]
[144]
[144]
[144]
[144,155]
[22,144]
[158,165]
[144,165]
[168]
[168]
[168]
[168]
[155]

I
N
U
SC
R

A

CC
E

PT

ED

M

A

FIGURE 4: Number of studies dealing with fate of VPRs in natural waters and DWTPs
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