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Abstract 

Mining/smelting wastes and reservoir sediment cores from the Lot River watershed were 
studied using mineralogical (XRD, SEM–EDS, EMPA) and geochemical (redox dynamics, 
selective extractions) approaches to characterize the main carrier phases of trace metals. 
These two approaches permitted determining the role of post-depositional redistribution 
processes in sediments and their effects on the fate and mobility of trace metals. The 
mining/smelting wastes showed heterogeneous mineral compositions with highly variable 
contents of trace metals. The main trace metal-bearing phases include spinels affected by 
secondary processes, silicates and sulfates. The results indicate a clear change in the chemical 
partitioning of trace metals between the reservoir sediments upstream and downstream of the 
mining/smelting activities, with the downstream sediments showing a 2-fold to 5-fold greater 
contribution of the oxidizable fraction. This increase was ascribed to stronger post-
depositional redistribution of trace metals related to intense early diagenetic processes, 
including dissolution of trace metal-bearing phases and precipitation of authigenic sulfide 
phases through organic matter (OM) mineralization. This redistribution is due to high inputs 
(derived from mining/smelting waste weathering) at the water–sediment interface of (i) 
dissolved SO4 promoting more efficient OM mineralization, and (ii) highly reactive trace 
metal-bearing particles. As a result, the main trace metal-bearing phases in the downstream 
sediments are represented by Zn- and Fe-sulfides, with minor occurrence of detrital zincian 
spinels, sulfates and Fe-oxyhydroxides. Sequestration of trace metals in sulfides at depth in 
reservoir sediments does not represent long term sequestration owing to possible resuspension 
of anoxic sediments by natural (floods) and/or anthropogenic (dredging, dam flush) events 
that might promote trace metal mobilization through sulfide oxidation. It is estimated that, 
during a major flood event, about 870 t of Zn, 18 t of Cd, 25 t of Pb and 17 t of Cu could be 
mobilized from the downstream reservoir sediments along the Lot River by resuspension-
induced oxidation of sulfide phases. These amounts are equivalent to 13-fold (Cd), ~6-fold 



(Zn), 4-fold (Pb) the mean annual inputs of the respective dissolved trace metals into the 
Gironde estuary. 

1. Introduction 

Large quantities of tailings and wastes still containing high concentrations of trace metals are 
produced by mining and smelting activities. Mobilization of trace metals from these tailings 
and wastes due to complex biological, geochemical and physical processes, including 
oxidation of sulfide minerals ([McGregor et al., 1998], [Audry et al., 2005] and [Moncur et al., 
2005]), weathering of secondary phases ([Gieré et al., 2003] and [Hammarstrom et al., 2005]) 
and erosion, induces serious environmental threats. Once trace metals have been released into 
waterways, they can disperse over hundreds of kilometers in both particulate and dissolved 
forms ([Salomons, 1995] and [Schäfer et al., 2002]) thus contaminating soils, sediments and 
biota far from their primary source. Therefore, characterization of the mobility, accumulation 
and transformation of trace metals along the river course is necessary to understand the fate of 
trace metals in hydrosystems impacted by weathering of mining and smelting wastes. 

While there are numerous examples of works dealing with mining/smelting wastes (e.g. 
[Blowes et al., 1998], [Sidenko et al., 2001], [Courtin-Nomade et al., 2003] and [Romero et 
al., 2007]) or downstream polluted fluvial sediments (e.g. [Hudson-Edwards et al., 1999], 
[Hudson-Edwards et al., 2005], [Morillo et al., 2002], [Galan et al., 2003] and [Grosbois et al., 
2007]), there is a lack of knowledge on the fate of trace metals between these compartments. 
Additionally, most of the studies regarding polluted fluvial sediments are based on surface 
sediment samples precluding investigations on (i) temporal changes in trace metal inputs into 
the fluvial system, and (ii) post-depositional redistribution of trace metals related to early 
diagenesis processes. The study of the latter is pivotal as post-depositional redistribution 
processes can modify the trace metal-bearing phases ([Pedersen, 1985], [van den Berg et al., 
1999] and [Audry et al., 2006a]) and can affect reactivity, mobility and bioavailability of trace 
metals, including various priority pollutants. 

This study on the Lot River system (SW France), which is impacted by weathering of mine 
and smelting wastes, is based on a multi-compartment sampling strategy (mining/smelting 
waste samples and downstream reservoir sediment cores), and a multi-parameter approach. 
The latter combines (i) mineralogical characterization using XRD, SEM–EDS and EMPA, (ii) 
chemical partitioning that is widely applied in the mining/smelting waste environment (e.g. 
[Dold and Fontbote, 2002], [Bird et al., 2003] and [Galan et al., 2003]), and (iii) 
characterization of redox conditions in sediment cores through pore water concentration-depth 
profiles of the major reactive species. The aim of the study is to document the behavior of 
trace metal-bearing phases within the key compartments of the studied system, and to 
improve the understanding of the role of post-depositional redistribution processes in fluvial 
sediments and their effect on the fate and mobility of trace metals. 

2. Study area and sampling sites 

The Lot River watershed (11,840 km2; Fig. 1), tributary of the Garonne River, is divided into 
three main geological zones: (i) igneous (basalts and granites) and metamorphic (micaschists 
and gneisses) rocks in the upstream watershed; (ii) Jurassic calcareous sedimentary rocks in 
the median watershed; (iii) Tertiary and Quaternary alluvium deposits in the downstream 
watershed. The Lot River is impacted by polymetallic pollution resulting from 
mining/smelting activities since the late nineteenth century ([Blanc et al., 1999], [Grousset et 



al., 1999], [Schäfer et al., 2002], [Schäfer et al., 2006] and [Audry et al., 2004a]). The main 
point source of trace metals was identified in the upper part of the Lot River (Boutier, 1981), 
where a small tributary (the Riou Mort River; Fig. 1) drains areas of waste from an abandoned 
Zn-ore manufacturing facility. The facility had been active from 1842 to 1987, the smelting 
activity was ended following an accidental trace metal pollution incident in 1986. Zinc was 
produced from smithsonite [ZnCO3] dominated ores until 1922 by thermic reduction and then 
from sphalerite [ZnS] dominated ores by electrolysis. About 35 Mt (unpublished data) of 
process waste still rich in Zn (10,000–20,000 mg kg–1) and Cd (~200–400 mg kg–1) were 
deposited in 3 main areas (W–I, W–II and W–III) in the Riou Mort watershed (Fig. 1). 
Remediation work was undertaken on the W–I area, which is composed of three storage 
basins, by collecting and treating the drainage water in order to reduce direct trace metal 
release into the river system. In contrast, W–II and W–III are still exposed to rain water and 
thus are eroded and leached. 

The fluvial sediments investigated in this study were collected from three hydroelectric 
reservoirs along the Lot River (Fig. 1): (i) Marcenac, located upstream of the confluence with 
the Riou Mort River, in order to obtain representative background values and mineralogical 
partitioning of trace metals in the upper Lot River watershed; (ii) Cajarc (0.3 km2; established 
in 1950), the first reservoir, located 25 km downstream of the confluence with the Riou Mort 
River; (iii) Temple (3.8 km2; established in 1951), upstream of the confluence of the Lot and 
Garonne Rivers and representative of the outlet of the Lot River watershed. 

3. Methodology 

3.1. Sampling 

In 2001, three continuous ~1 m-long sediment cores were collected from the three different 
reservoir lakes (Marcenac, Cajarc and Temple) in locations corresponding to the former river 
channels. The reservoir sediments were collected using an interface corer consisting of a 
10 × 10 cm rectangular Plexiglas tube. This device permits sampling of the uppermost 
decimeters of the sediments, the undisturbed water–sediment interface and the overlying 
bottom water. Concentration-depth profiles of dissolved O2 in bottom and pore waters were 
obtained immediately after core recovery using a cathode-type mini-electrode ([Revsbech and 
Jørgensen, 1984] and [Chaillou et al., 2002]). The temperature was maintained constant with 
an insulating device. This operation was completed within 15 min of core recovery. The 
overlying bottom waters were then collected from the Plexiglas tube using a 10 mL syringe, 
filtered through driven filter unit (0.22 μm porosity; Sartorius®) and divided into three 
aliquots for nutrient, and metal analyses. Aliquots for nutrient analyses were stored at 
−20 °C until analysis; aliquots for analysis were stored at 4 °C; aliquots for metal 
measurements were acidified (pH~1; HNO3 ultrapure 1‰) and stored in acid-cleaned tubes at 
4 °C. Subsequently, the cores were sliced in thin horizontal sections with a plastic cutter at a 
0.5 cm resolution from the surface to 5 cm in the lower part of the cores. All the samples were 
collected in acid-cleaned and N2-flushed centrifuge vials and centrifuged at 5000 rpm for 
20 min. For each sample, the supernatant (i.e. pore water) was processed and stored as for 
bottom water samples. The sediment samples were then sealed in double sampling-bags. In 
the laboratory, sediment samples were dried at 50 °C to constant weight and then powdered 
and homogenized with a manual agate mortar. Surface samples from the three smelting-waste 
sites (W–I, W–II and W–III) in the Riou Mort watershed were collected by hand. In the 
absence of detailed knowledge regarding the spatial heterogeneity of each waste site, one 



representative sample of the main observable waste type from each site was collected. These 
waste samples were selected to give information on the main mineralogical phases from 
which trace metals could be derived rather than to give exhaustive information on the 
mineralogical complexity of the waste areas. The waste samples were disaggregated and 
homogenized with an agate mortar. 

3.2. Mineralogical characterization of the solid material 

The mineralogy of samples was characterized on unoriented sample powder by X-ray 
diffraction (XRD) using Cu Kα radiation. Diffractograms were recorded from 3° to 70° 2θ 
with steps of 0.02° and counting time of 15 s/step using a Siemens D5000 diffractometer. 
Polished thin sections of embedded powdered material in epoxy resin were observed with a 
Philips XL-30 scanning electron microscope (SEM) using an accelerating voltage of 20 kV 
equipped with an X-ray energy-dispersive spectral analyser (EDS). Selected solid phases were 
analysed quantitatively using a CAMECA-SX50 electron microprobe. For major oxides, the 
microprobe operated at 15 kV with a beam current of 4 nA and a counting time of 10 s. The 
analysed interaction volume (modeled as a pear-shape) is typically about 1–2 μm3 under these 
operating conditions which may correspond to a larger volume than the target particle, usually 
very fine, small and presenting a heterogeneous chemical composition. However, several 
analysis spots were carried out on each particle each time it was possible. The determination 
of trace element composition below 0.2 wt.% was obtained with a voltage of 35 kV, and a 
beam current of 500 nA using the procedure described in Fialin et al. (1999). Hence, for these 
trace element concentrations, a single set of analytical data corresponds to data from 10 spots 
for a 10 s period for each (Fialin et al., 1999) in order to reduce sample damage due to 
prolonged irradiation and to decrease detection limits. Detection limits for these trace 
elements are several hundred mg kg–1. 

Finally, mineralogical compositions were determined from chemical compositions using the 
mineral list of the international mineralogical association for the sake of clarity. However, it 
should be noted that anthropogenic phases are not minerals as defined by Nickel (1995). 
Amounts of Fe2+ and Fe3+ in spinel-group minerals were calculated by charge-balance: it was 
considered that all the Zn2+ cations are allocated to the tetrahedral sites whereas all the Al3+ 
cations occupy octahedral sites. Then Fe2+ and Fe3+ were calculated according to the formula 
Fe3+ = total Fe × 2/3; Fe2+ = total Fe × 1/3 Fe3+, preferably occupying tetrahedral sites, Fe2+ 
(and Mg2+) being shared between the remaining vacant sites. 

3.3. Selective extraction procedures 

The selective single extraction procedures used in the present study (i.e. using a separate 
aliquot of the same sample for each reagent) are principally based on the sequential extraction 
scheme according to Tessier et al. (1979). (Tack et al., 1996) and (Tack et al., 1999) showed 
that similar results for trace metal partitioning (Cu, Cr, Ni, Pb and Zn) in sediments were 
obtained from the conventional Tessier et al. (1979) sequential extraction method and from 
single extractions using identical operating conditions applied in each individual extraction 
(Table 1). In this study, three different operationally-defined fractions were targeted, 
according to Audry et al. (2006b): (i) fraction F1 represents the trace metals loosely bound to 
particulates (i.e. exchangeable) and/or associated with carbonates; (ii) fraction F2 represents 
trace metals associated with reactive Fe- and Mn-oxides; and (iii) fraction F3 represents trace 
metals associated with OM and ‘reactive’ sulfides (i.e. excluding pyrite). The total metal 
content (TMC) of the solid samples was determined using the digestion method detailed in 



Schäfer et al. (2002): Representative sub-samples (e.g. 30 mg of dry, powdered and 
homogenized material) were digested in closed Teflon reactors (Savillex®) on a heating plate 
(2 h at 110 °C) using 750 mL HCl (12 N, suprapur), 2 mL HF (26 N, suprapur) and 250 mL 
HNO3 (14 N, suprapur). After evaporation to dryness, the residues were completely re-
dissolved in 150 mL HNO3 (14 N) on a heating plate and after cooling diluted to 10 mL in a 
volumetric flask using Milli-Q® water. The residual fraction (RF) was estimated as the 
difference between the TMC and the sum of the fractions F1 + F2 + F3. The contribution of 
each operationally-defined fraction in a sample is expressed as a percentage of the TMC. 

3.4. Analytical methods 

Nitrate in bottom and pore waters was measured by flow injection analysis (FIA) according to 
Anderson (1979). Ammonia was determined with the FIA method described by Hall and Aller 
(1992). Sulfate concentrations were determined by ion chromatography (Dionex DX-120) 
using the AFNOR (1996) method. Dissolved Fe and Mn concentrations were measured using 
double-beam Flame–AAS (Perkin-Elmer 420). The precision estimated from replicate 
measurements of the same sample (n = 10) was ±3% for Mn and ±7% for Fe. Accuracy 
estimated from parallel analyses of the international certified reference water (SLRS-4) was 
better than 10%. 

Particulate organic C (POC) and total S (Stot) were measured in the sediment samples directly 
from the dry, powdered and homogenized material using a carbon/sulfur analyser (LECO, 
CS–125) according to Cauwet et al. (1990). Quality control was performed by measuring 
certified reference materials (LECO 501–503). The accuracy of all analyses was within 5% of 
the certified values and precision was better than 5% r.s.d. Cesium-137dating was performed 
on the sediment core from Cajarc (see Audry et al., 2004b). Iron and Mn concentrations in the 
sediments from total and selective extractions were determined using double-beam Flame–
AAS (see above). 

Total major element concentrations in sediment and waste samples were determined by fusing 
100 mg of powdered sample with 750 mg of Li tetraborate in a glassy graphite melting pot at 
1000 °C followed by dissolution in a glycerin-HCl solvent (Samuel et al., 1985) and analysis 
by ICP–AES. Accuracy, determined by analysis of certified international reference sediment 
(1646A-NISC), was within 5% of the certified values (at the 2σ level). 

Trace metal concentrations in bottom and pore waters, in sediments (total and selective 
extractions) and wastes were determined using ICP-MS (Elan 5000, Perkin-Elmer). The 
analytical methods employed were quality checked by analysis of certified international 
reference waters (SLRS-3, SLRS-4). Accuracy was within 5% of the certified values and the 
analytical error (relative standard deviation) generally better than 5 % for concentrations 10 
times higher than detection limits. 

4. Results and discussion 

4.1. Characteristics of metal-bearing phases in the smelting area 

4.1.1. Bulk composition and mineralogy 

As in other former industrial areas (e.g. Thiry et al., 2002), trace metal concentrations in the 
waste area samples (W–I, W–II and W–III; Fig. 1) are high (Table 2), especially for Pb (0.3–



0.9%) and Zn (1.7–2.1%). The main mineralogical assemblage is characterized by spinel-
group minerals (franklinite and magnetite), sulfates (barite, gypsum, anglesite and jarosite), 
willemite and phyllosilicates (Fig. 2). They can be either primary phases such as residues of 
smelting processes or authigenic, formed by precipitation from trace metal-rich waters. Relict 
ore minerals such as sphalerite, zincite and pyrite were also identified by SEM observations. 
They were not identified in XRD patterns, due to their low abundance (<5%) and their trace 
metal content could not be determined by EMPA because of their small size (<10 μm). 

4.1.2. Main metal-bearing phases 

4.1.2.1. Spinels 

Spinels, commonly found in smelting wastes ([Kucha et al., 1996], [Parsons et al., 2001] and 
[Piatak et al., 2004]), generally originate from sphalerite transformation during the roasting 
step in Zn pyrometallurgical processes. In the studied smelting area, zincian spinels were 
identified only in W–I (Fig. 1), where they constitute an abundant Zn-bearing phase. Zincian 
spinels form large grains, up to 50 μm, and they do not show obvious alteration (Fig. 3A). 
Their ZnO concentrations range from 20.9 wt.% to 50.1 wt.% corresponding to a wide range 
of composition from franklinite-type , Table 3) to zincian aluminous spinels with 
compositions close to (Zn, Fe)2(Al, Fe)2O8. Similar compositions were reported for Zn–Pb 
slags from Świętochłowice (Poland; Puziewicz et al., 2007) and for Cu slag from the Penn 
Mine, USA (Parsons et al., 2001). In situ trace metal content, in these spinels, is very variable, 
ranging from 0.19 to 0.74 wt.% PbO, from 0.18 to 0.68 wt.% CuO and from 0.10 to 
0.39 wt.% CdO. These ranges are of the same order of magnitude as those in zincian spinels 
observed in the downstream reservoir sediments (see below) but are 5-fold (Zn), 9-fold (Pb) 
and 4-fold (Cd) higher than concentrations reported for spinels from Świętochłowice and 
Penn Mine slags. 

4.1.2.2. Silicates 

Willemite [Zn2SiO4] is a primary phase currently observed in Zn-smelting environments 
([Parsons et al., 2001], [Sidenko et al., 2001] and [Claassen et al., 2002]) and mostly 
originates from smelting processes (Isaure et al., 2002). In the studied site, willemite was 
observed in the smelting waste W–I by XRD (Fig. 2). At a microscopic scale, hemimorphite 
[Zn4Si2O7(OH)2·(H2O)] was mostly observed (Fig. 3B). Hemimorphite usually derives from 
willemite alteration, growing on willemite edges in highly hydrated environments (Hitzman et 
al., 2003; Courtin-Nomade, personnal communication). The observed hemimorphite have 
ZnO concentrations ranging from 53.2 to 59.4 wt.% and FeO concentrations ranging from 5.2 
to 11.7 wt.% in the unaltered zones (Table 3). These FeO and ZnO concentrations likely 
reflect solid-solution variations of primary willemite (e.g. Jak et al., 2002). Associated SiO2 
concentrations vary from 16.8 to 22.8 wt.%. Trace metal concentrations are very variable (up 
to 1.4 wt.% CdO, 1.5 wt.% CuO and 0.43wt.% PbO) showing no apparent trend with major 
oxides and/or alteration state. 

4.1.2.3. Sulfates 

Sulfates and oxyhydroxysulfates are commonly encountered as authigenic phases in mining 
and smelting wastes ([Gieré et al., 2003] and [Sidenko and Sherriff, 2005]), where they 
principally form during the oxidation of sulfide minerals (Jambor, 1994). 



Iron-oxyhydroxysulfates, jarosite, were observed in W–I and W-II (Fig. 2). Their Fe/S atomic 
ratios range from 3.6 to 20.8 which is high compared to Fe/S ratios of hydroxysulfates 
generally observed in smelting-impacted environments (e.g. jarosite XFe3(SO4)2(OH)6; 
[Graupner et al., 2007] and [Romero et al., 2007]). Their overall trace metal contents are 
comparable to Fe-rich precipitates produced during Fe removal and purification stages used in 
Zn hydrometallurgy (Loan et al., 2006). This suggests that these Fe-oxyhydroxysulfates could 
either derive from material directly dumped in the smelting wastes or formed within the 
wastes by in-situ oxidation of sulfide minerals under acidic conditions. 

Other identified sulfates, common in the three waste areas, are anglesite, barite, anglesite-
barite solid solutions and gypsum (Fig. 2). In the study context, much of the anglesite 
originated from leaching operations during Zn hydrometallurgical processes where it 
constitutes one of the end-products of the strong-acid leaching stage (Buban et al., 1999). 
Additionally, minor amounts of anglesite may have formed as a secondary phase by alteration 
of primary relict galena (Antunes et al., 2002). Maximum Cu and Cd concentrations 
(0.45 wt.% CuO and 0.11 wt.% CdO, respectively) are found in barite. These concentrations 
are higher than those found in anglesite. However, the observed barite is characterized by 
lower Zn concentrations (0.69 wt.% ZnO) compared to anglesite. Anglesite-barite solid 
solutions, also described by Lee et al. (2005), were frequently observed as isolated grains or 
associated with aluminosilcate aggregates (Fig. 3C). Atomic Ba/Pb ratios are highly variable, 
even at the grain scale, ranging from 0.11 to 0.65 with a higher occurrence for the Pb-rich 
compositions than for the Ba-rich ones. The PbO concentrations range from 34.6 wt.% to 
60.5 wt.% (Table 3). Associated trace metals in these solid solutions are mainly Cr and Zn. 
Finally, gypsum, a common phase in oxidized smelting and mining waste submitted to 
atmospheric conditions ([Jambor, 1994], [Roussel et al., 1999], [McGregor and Blowes, 2002] 
and [Ettler et al., 2003]), is ubiquitous in the dump material as small (<20 μm), isolated but 
frequent crystals in W–I, and occurring as a cement in W–II and W–III. Similarly to what has 
been observed from chemical extraction studies ([Ribet et al., 1995] and [Widerlund et al., 
2005]) or from mineral analyses (Lottermoser and Cairns, 2005) of mining residues from 
other sites, Zn, Pb, Cu and Cd were not detected in gypsum in the present study. 

4.2. Characteristics of metal-bearing phases in the reservoir sediments 

4.2.1. Bulk composition and mineralogy of the sediments 

The three cores consist of dark and unconsolidated sediment with grain sizes ranging from 

fine-sand to clay. The clay-silt fraction (<63 μm) represented from ~50% (Marcenac) to 
75% (Cajarc and Temple) of the whole sediment, with the fine-silt fraction accounting for 
~25% (Audry et al., 2004b). The major element composition in the three cores (Table 4) is 
dominated by SiO2 (57–64 wt.%), Al2O3 (12–15 wt.%) and Fe2O3 (4–6 wt.%). The mean CaO 
content in the sediment at the Temple site (i.e. ~4 wt.%) is clearly higher than that of the two 
other sites (1.4–1.8 wt.%), which was probably due to drainage of lacustrine-fluvial deposits 
of limestone and molasse in the most downstream part of the Lot River system (Semhi et al., 
2000). The mean major element composition is consistent with the XRD results for the three 
reservoir sediment cores, with a main mineralogical assemblage of quartz, muscovite, chlorite 
and plagioclases. The distribution as a function of depth of Fe2O3 concentration (Fig. 4) in the 
sediments shows relatively flat profiles in the Marcenac and Cajarc sites while showing a 
slight down-core decrease for the Temple site. The distribution of SiO2 and Al2O3 (Fig. 4) in 
the three sediment cores shows mirrored profiles reflecting the presence of these two elements 



mainly in quartz and Al silicates. POC is variable in the three cores (Table 4), with mean 
concentrations of 4.2 ± 2.0% (Marcenac), 5.2 ± 1.9% (Cajarc) and 3.4 ± 2.0% (Temple). Total 
S concentrations differ from one core to another (Table 4), with mean values of 0.08 ± 0.03% 
(Marcenac), 0.33 ± 0.11% (Cajarc) and 0.13 ± 0.06% (Temple). 

4.2.2. Main metal-bearing phases 

Identification of trace metal-host minerals was only carried out for three different layers of the 
137Cs-dated sediment core at Cajarc: (i) L1, at 5 cm depth (dated at 1999; Audry et al., 2004b), 
representative of the present time and reflecting remediation work (e.g. confinement of 
smelting waste areas) and recent erosion/alteration processes in the Riou Mort watershed; (ii) 
L2, at 42 cm depth (dated at 1986), corresponding to the accidental pollution peak; (iii) L3, at 
80 cm depth (dated at 1970), representative of the chronic pollution when the Zn-ore smelting 
facility was active in the Riou Mort watershed. 

4.2.2.1. Sulfides 

Inherited Zn- and Fe-sulfides are present in the reservoir sediment of Cajarc because they 
were processed as the dominant Zn-ore. Microscopy (SEM observations) and EMPA analyses 
suggest that they represent frequent trace metal-carriers in the three sediment layers. Zinc-
sulfides are rather small (~10 μm) and consist mainly of sphalerite. They are accompanied by 
other phases of pyrometallurgical origin and belong to the ZnS–CdS system recently 
described by Chaplygin et al. (2007) in a volcanic context. These phases have relatively high 
Cd (5.9–6.4 wt.%), Cu (0.1–2.3 wt.%) and Pb (0.05–1.3 wt.%) contents. Iron-sulfides, similar 
in size to sphalerite crystals, show compositions close to pyrrhotite [FeS] and pyrite or 
marcasite [FeS2]. Their trace metal content is highly variable and shows 30-fold (Cd) and 4-
fold (Pb) lower and 2-fold higher (Cu) average concentrations compared to sphalerites. 

4.2.2.2. Sulfates 

Zinc-sulfates (zincosite-like, more or less hydrated) were observed in the sediment layer L2 
impacted by the 1986 pollution. They are much less abundant than sulfides and 
oxyhydroxides. They are Zn-rich with up to 52.3 wt.% ZnO and also contain PbO (up to 
0.7 wt.%) and CdO (up to 0.2 wt.%). As shown in Fig. 3D, hydrated forms could derive from 
ZnS alteration, they show S loss, a relative enrichment in PbO (7.8 wt.%), in CdO (2.4 wt.%) 
and a maximum release of 30% of Zn, compared to the unaltered core. 

4.2.2.3. Zincian spinels 

Inherited zincian spinels were mainly observed in the deepest layer L3, i.e. they were 
deposited when the Zn-ore smelting facility was still active. They barely occur in the middle 
layer L2 and were not observed in the shallow layer L1. As in the smelting area, these spinels 
show a composition between franklinite and (Fe, Al)-spinels. Although the ability for spinel 
alteration is generally considered low ([Pooley, 2004] and [Soubrand-Colin et al., 2005]), 
EMPA low analytical totals (down to 76%;Table 3) and morphology in SEM observations 
(Fig. 3E) indicate significant alteration features. In several grains, a loss of cohesion and a rim 
of a hydrated phase could be associated with a spinel-like core. 

4.2.2.4. Oxides and oxyhydroxides 



Iron oxyhydroxides are present in the three sediment layers. According to SEM observations, 
they show a wide range of size (5–50 μm). As usual for this type of poor crystallinity phase, 
they are highly hydrated with EMPA analytical totals of lower than 75%. They show variable 
trace metal contents, up to 4.1 wt.% ZnO, 1.3 wt.% As2O3, 0.9 wt.% CdO, 0.7 wt.% CuO and 
0.6 wt.% PbO. Among them, spherical particles with diameters of ~20 μm, having up to 
87 wt.% FeO (Table 3), were observed (Fig. 3F). These phases are similar to Fe-rich spheres 
observed in the magnetic fraction of fly ash produced by coal, ore and sulfide-burning plants 
([Laperche and Bigham, 2002], [Kukier et al., 2003] and [Kierczak et al., 2009]). According 
to Hansen et al. (1981), such spherical particles could form during smelting by precipitation 
after oxidation of pyrite contained in the Zn mine ore and coal used for roasting. These 
spherical particles typically contain high amounts of Cd and Zn with high analytical totals 
(higher than 90%; Table 3). 

Processes of alteration and hydration partly control the fate of trace metals present in primary 
and secondary minerals by promoting their mobilization into the pore water of the reservoir 
sediments, diffusive transport and eventual release into the water column. However, trace 
metal mobilization can be limited by back-trapping processes in the sediment pile, such as (i) 
post-release (co-)precipitation with sulfide phases and/or (ii) adsorption on Fe-oxides, 
hydroxides, and/or clay minerals ([Spark et al., 1995] and [Battacharya and Gupta, 2008]). 
Accordingly, aluminosilicates with compositions close to clay minerals like kaolinite and 
containing significant trace metal concentrations (e.g. 1.4 ± 0.1 wt.% ZnO and 
0.33 ± 0.35 wt.% PbO) were observed in the Cajarc sediments. 

4.3. Effects of early diagenesis processes on trace metal redistribution in 
reservoir sediments 

Additional to the alteration and hydration processes discussed above, redox processes 
accompanying OM mineralization, i.e. early diagenesis (Berner, 1980), are expected to 
control the fate of the metal-bearing phases present in the sediment pile. These processes are 
discussed in the following. 

4.3.1. Dissolved redox species profiles and associated processes 

The vertical distributions of major dissolved redox species show sharp concentration gradients 
near the water–sediment interface, indicating intense bacteria-mediated oxidation of OM 
([Froelich et al., 1979] and [Postma and Jakobsen, 1996]) in the three reservoirs. The 
sediments feature anoxic conditions, as shown by the dissolved O2 concentrations below the 
detection limit just below the water–sediment interface (Fig. 5). Moreover, the bottom water 
of the reservoir is strongly (Cajarc, Temple) or totally (Marcenac) depleted in O2. Oxygen 
consumption is related to mineralization of OM proceeding in the bottom water. This result 
highlights the high oxidant demand of the reservoir sediments for OM mineralization. Nitrate 
drastically decreases below the water–sediment interface (Fig. 5), reflecting bacterial 
denitrification. 

Sulfate concentrations in the bottom water are 3 times higher at Cajarc compared to the 
upstream of the Lot River (Fig. 5), which is due to the high inputs of from the Riou 
Mort River into the Lot River (Audry et al., 2005). Similarly to , decreases sharply 
below the water–sediment interface (Fig. 5). The decrease is mainly attributed to 
dissimilatory (bacteria-mediated) reduction, which is supported by the associated NH3 



production. While CH4 data are not available, CH4 production in the reservoir sediments was 
suggested by bubbles bursting out during the recovery of the sediment cores. Therefore, 
additional consumption could be supported by anaerobic CH4 oxidation in the three 
reservoirs, as reported in marine environments characterized by high sedimentation rates 
and/or high POC contents ([Iversen and Jørgensen, 1985] and [Niewohner et al., 1998]). 
Slight enrichments of (up to 13 μM at Cajarc; Fig. 5) are observed at depth in the three 
cores. This excess of dissolved is unlikely to be attributable to bacterial production of 

from dissolved reduced sulfide coupled to r eduction (Suits and Arthur, 2000) as 
the observed excess of dissolved  occurs at a depth where the sediment is depleted. 
Therefore, this production of is assigned to chemical reoxidation of dissolved sulfide by 
Fe- and Mn-oxides ([Aller and Rude, 1988] and [Böttcher and Thamdrup, 2001]). 

Dissolved Mn profiles show broad peaks centered between 10 and 30 cm depth (depending on 
the core; Fig. 5). Dissolved Fe profile patterns are rather similar to those of Mn, while more 
scattered. The addition of dissolved Mn and Fe in anaerobic sediments is mainly attributed to 
both dissimilatory reduction (Lovley, 1997) and chemical reductive dissolution (by dissolved 
sulfide) of Mn- and Fe-oxides. At depth, dissolved Mn and Fe are partially removed from 
pore water. The removal of reduced Fe is probably due to authigenic precipitation of Fe-
sulfides from dissolved sulfides produced by reduction, which is in agreement with the 
presence of authigenic Fe-sulfides in the reservoir sediments as observed in Cajarc (not 
shown). Removal of reduced Mn cannot be attributed to co-precipitation with and/or 
adsorption on authigenic Fe-sulfides as these phases show Mn concentration below EMPA 
detection limit. The data rather suggest adsorption onto silicates that show relatively high Mn 
concentrations (ranging from 0.35 wt.% to 2.5 wt.% MnO). It is worth noting that the scatter 
of dissolved Fe and, to a lesser extent, Mn profiles suggests that diffusive steady state is not 
reached, which may reflect the high sedimentation rates in these reservoir environments 
(~2.5 cm a–1; Audry et al., 2004b). 

4.3.2. Dissolved trace metal profiles in pore waters 

The pore water profiles of trace metals (Zn, Cd, Cu, Pb) from the three cores show common 
features (Fig. 6: (i) release of trace metals in the dissolved phase below the water–sediment 
interface, resulting in concentration peaks in the uppermost 5 cm depth range; (ii) decreasing 
concentrations below the concentration peaks, reflecting removal processes. These features 
indicate post-depositional mobilization of trace metals and their redistribution within the 
sediment column. The peaks of trace metals are located in the depth range where 
denitrification proceeds and dissolved Mn and Fe concentrations increase (Fig. 5). This 
strongly suggests that trace metals are released in pore water from both OM degradation and 
reductive dissolution of Mn- and Fe-oxides. This result is in agreement with previous work on 
anoxic/sulfidic sediments in marine and freshwater systems (e.g. [Pedersen, 1985], [Shaw et 
al., 1994], [van den Berg et al., 1999] and [Audry et al., 2006a]). 

 

The removal of trace metals from pore water can be ascribed to precipitation of various metal-
sulfides and/or co-precipitation/adsorption with Fe-sulfides, which is in good agreement with 
the high concentrations of trace metals in the oxidizable fraction in the sediment cores ([Fig. 
7], [Fig. 8] and [Fig. 9]). Such behavior is consistent with the reported strong tendency of 



divalent metals to associate with sulfide minerals in anoxic sediments (Calvert and Pedersen, 
1993; Morse and Luther III, 1999). Despite strongly anoxic conditions, Mn- and Fe-oxides are 
still present at depth in the three sediment cores (see Fig. 7), which is likely due to (i) high 
sedimentation rates precluding reductive dissolution of the whole pool of reactive oxides or 
(ii) the presence of less reactive Mn- and Fe-oxides. This observation is consistent with a 
broad maximum of ascorbate-extracted Hg at ~20–60 cm depth in the Cajarc core (Castelle et 
al., 2007). Sorption of trace metals on Mn- and Fe-oxides ([Tessier et al., 1996] and [Morford 
and Emerson, 1999]) could therefore explain additional removal from solution. 

4.3.3. Chemical partitioning of metals in the solid fraction 

The chemical partitioning of Fe is quite homogeneous between and within the three cores 
([Fig. 7] and [Fig. 8]). Iron shows low reactivity, principally being present in the RF (~90%), 
which may represent crystalline Fe-oxides (goethite and hematite) and Fe in silicate minerals. 
Operationally-defined reactive Fe is mostly found in the reducible fraction (7–10%). This 
suggests that reactive Fe is mainly associated with amorphous oxides and/or oxyhydroxides, 
which is in agreement with SEM/EMPA observations for the Cajarc sediments and the above-
discussed pore water distributions. In contrast to Fe, Mn shows higher reactivity, being 
mainly present in the reactive fractions (F1 + F2 + F3 = 63–77%; Fig. 7). This could be 
related to the fact that Mn is generally associated with poorly ordered phases and occurs in 
different valence states, particularly in systems impacted by mining/smelting activities (Lee et 
al., 2002). 

In contrast to Fe, the chemical partitioning of the studied trace metals shows clear differences 
between the three cores: In the Marcenac core, while the total trace metal profiles show 
similar patterns, trace metal distributions between the reactive fractions depend on each metal 
([Fig. 7] and [Fig. 8]). Apart from Cd, trace metals show low reactivity, being mainly 
associated with the RF fraction (52% < RF < 83%, on average). In contrast, Cd shows high 
reactivity, with very low contents in the RF fraction (18% on average; Fig. 8), and is mainly 
distributed between the exchangeable/carbonate (46% on average) and the oxidizable (31% on 
average) fractions, while the contribution of the reducible fraction is low (6% on average). 

In the Cajarc core, trace metals show higher chemical reactivity compared to Marcenac, as 
suggested by the generally lower trace metal abundance in the RF fraction ([Fig. 7] and [Fig. 
8]). The resulting higher reactivity is principally related to the higher average contribution of 
the oxidizable fraction (F3), e.g. 31–64% for Cd and 11–59% for Zn. According to the 137Cs-
dating of the core (Audry et al., 2004b), the concentration peak observed for Zn, Cd and Pb at 
42 cm depth ([Fig. 7] and [Fig. 8]) is attributed to the accidental pollution that occurred in the 
Lot River watershed in 1986 (see above). Interestingly, the chemical partitioning of Cu in 
sediment affected by this pollution event shows a drastic increase in fraction F1, i.e. from 1% 
to 49%. In contrast, the chemical partitioning of the other studied trace metals does not show 
any change at this particular depth. 

In the Temple core, Cu is the least reactive trace metal, being mainly associated with the RF 
fraction (71%; Fig. 8). All studied trace metals, except Cd, are characterized by low reactivity 
(e.g. RF ≈ 70% for Zn and Pb; [Fig. 7] and [Fig. 8]) within the lowermost 15 cm of the core. 
The bottom of this core was identified as sediments (riverbed or former soil) deposited before 
the dam construction and/or not affected by the mining/smelting activity, with the overall 
trace metal distribution over depth suggesting that the Temple core may not represent a 
gapless historical record (Audry et al., 2004b). Above this zone, within the 25–75 cm depth 



range, trace metal (Zn, Pb) reactivity drastically increases, with the sum of the reactive 
fractions (F1 + F2 + F3) reaching 85% (Pb) and 95% (Zn) of the total concentrations. This 
increase is mainly related to the increase of both, fraction F1 (e.g. from 12% to 32% for Zn on 
average) and F3 (e.g. from 13% to 41% for Zn on average). This depth interval was identified 
as strongly influenced by inputs of highly-reactive materials originating from weathering of 
mining/smelting waste areas in the Riou Mort catchment (Audry et al., 2004b). The chemical 
partitioning of Cd is similar to that at Marcenac, except for the 25–50 cm depth range that was 
identified as the depth range impacted by the 1986 pollution accident (Audry et al., 2004b). 
Within this particular depth range, average Cd reactivity is lower than in the rest of the core, 
as the fractions F1 and F2 are minimized. For example, the average value of F1 drops from ~ 
50% in the upper core to ~ 20% in the 25–50 cm depth range (Fig. 8). 

4.3.4. Post-depositional redistribution of metals 

The results from the chemical selective extractions in the sediments ([Fig. 7] and [Fig. 8]) 
were combined with information obtained from the vertical distribution of redox parameters 
and chemical partitioning in the suspended particulate matter (SPM) from the same sampling 
sites reported in Audry et al. (2006b) to assess the post-depositional redistribution of metals in 
the sediment of the three reservoirs. Mineralization of OM favors authigenesis of Fe-sulfides 
in the studied reservoir sediments inducing post-depositional redistribution of Fe as discussed 
earlier. However, the contribution of the oxidizable fraction (F3) in the sediments is low, even 
at depth (<2%; [Fig. 7] and [Fig. 8]). All this suggests that authigenic Fe is (partly) pyritized 
at depth, which is in agreement with the SEM/EMPA results showing the presence of pyrite in 
the Cajarc sediments (not shown). 

Mean chemical partitioning of trace metals in the upstream Lot River (Marcenac site) in 
sediment and SPM is similar (Fig. 9). It is dominated by the RF fraction (~80% for Pb, ~70% 
for Cu, ~40–50% for Zn and ~40–20% for Cd). The other major contributing fraction is F1 for 
Cd and Zn (~40% and ~20%, respectively), F2 for Pb (~10%) and F3 for Cu (10–20%). This 
partitioning suggests low reactivity of trace metal-bearing phases observed in both SPM and 
reservoir sediments from the upstream Lot River inducing a rather low post-depositional 
redistribution of trace metals. 

SPM settling in the Cajarc reservoir originates from the upstream Lot River (95%) and the 
Riou Mort River (5%) (Audry et al., 2004a). The chemical partitioning of the SPM from the 
Riou Mort River (Audry et al., 2006b) differs from that of the upstream Lot River: Zn and Cd 
are mainly present in the F1 fraction (>60%) and the RF fraction is lower than 2%. Copper 
and Pb are principally bound to the RF fraction (~70%), F2 (15%; Pb) and F3 (23%; Cu). In 
contrast to the Marcenac sediments, intense post-depositional redistribution of trace metals is 
observed in Cajarc sediments as shown by the clearly higher contribution of the F3 fraction in 
sediments (e.g. 59% for Zn, 65% for Cd, 40% for Cu, 22% for Pb on average; Fig. 9) 
compared to those in SPM from the same site (e.g. 29% for Zn, 24% for Cd and Cu, 3% for 
Pb on average; Fig. 9). 

The SEM/EDS and EMPA analyses show that in the waste areas, trace metals are mainly 
associated with spinels, silicates and sulfates (Table 3), whereas in the Cajarc sediments, Zn-
sulfides were abundant (with other discrete metal-sulfides, such as CdS, PbS, CuS). This 
suggests intense sulfide formation in the Cajarc sediments that probably sequestrated trace 
metals from pore water, resulting in the observed increase in the F3 fraction of these 
sediments. This stronger post-depositional redistribution of trace metals towards sulfide 



phases in the Cajarc sediments compared to the Marcenac sediments may be attributed to two 
main factors both promoting stronger sulfides authigenesis: (i) threefold 
higher  concentrations in bottom water and pore water (Fig. 5) and (ii) higher reactivity 
(particularly for Zn and Cd) of trace metal-bearing phases in SPM of anthropogenic origin (i.e. 
derived from the Riou Mort watershed; see above) settling on the water–sediment interface. 
Additionally, the average oxidizable Fe fraction (i.e. 590 mg kg–1) is lower than that of Zn 
(2530 mg kg–1). All this suggests that a part of the trace metals in the Cajarc sediments are 
redistributed by early diagenetic processes, mainly by reductive dissolution and co-
precipitation with Fe- and Zn-sulfides (e.g. ZnS may form in contaminated sediments; Zaggia 
and Zonta, 1997). Part of the trace metals released into pore water may also adsorb onto 
authigenic Fe-sulfides (Morse and Luther III, 1999) and eventually be solubilized during the 
F3 leaching, while the carrier phase is not. Detrital Zn-sulfides were recognized in small 
amounts in the Cajarc sediments (see above) and could also contribute to trace metal content 
in the oxidizable fraction. Finally, one cannot exclude a contribution of other phases than 
authigenic sulfides (e.g. OM) to the high content of trace metals in the oxidizable fraction of 
the Cajarc sediments. However, the quantity of trace metals leached from OM would be 
expected to be small, because burial and subsequent OM degradation are likely to have 
decreased the amount of metals associated with reactive organic matter ([Widerlund, 1996] 
and [Audry et al., 2006a]). 

Similarly to Cajarc, the higher mean trace metal contribution of the F3 fraction in sediment 
(e.g. 31.5% for Zn and 9.4% for Pb) compared to that in SPM (22.3% for Zn and 1.8% for Pb; 
(Audry et al., 2006b) at the Temple site is assigned to post-depositional redistribution of trace 
metals towards authigenic sulfide phases. Note that direct inputs of authigenic sulfides from 
Cajarc sediments, due to dam flushing or floods, could account for additional oxidizable 
inputs of trace metals into the Temple sediments (transport distance ~150 km). The 
contrasting behavior of Cd, in comparison to that of Zn or Pb, may eventually be attributed to 
intense post-depositional redistribution of reactive Cd with more specific sequestration by Fe-
sulfide phases non-extractible by the H2O2 leaching. 

4.4. Environmental concerns 

Due to weathering of secondary sulfate phases observed in the waste areas, likely along with 
oxidation of relict sulfides, the Riou Mort River shows high concentrations (up to 
1200 mg L–1; Audry et al., 2005). Therefore, while representing only 0.5% and 1.5%, 
respectively, of the water and SPM fluxes of the downstream Garonne River (La Réole site; 
Fig. 1; Audry et al., 2004a), the Riou Mort River impacts the whole Lot–Garonne River 
system by contributing ~20% to the fluxes (Audry et al., 2005) and 50–60% and ~20% 
to the total (dissolved + particulate) fluxes of Cd and Zn, respectively (Audry et al., 2004a). A 
major consequence of these inputs via the Riou Mort River is the clearly higher supply of 

 (Fig. 5) and reactive trace metals ([Fig. 7] and [Fig. 8]) to the water–sediment interface 
at the Cajarc and Temple sites compared to the Marcenac site. This may strongly enhance the 
post-depositional redistribution of trace metals by promoting increased dissolved sulfide 
production through reduction and increased co-precipitation of trace metals with 
diagenetic sulfide phases in the sediments. Precipitation of diagenetic sulfide phases, however, 
may only provide definitive sequestration of trace metals under permanently anoxic 
conditions. Resuspension of anoxic sediments by natural (floods) and anthropogenic 
(dredging, dam flush) processes favors their exposure to oxidizing environments, and 
therefore can contribute to fast mobilization (hour time-scale; Saulnier and Mucci, 2000) of 



trace metals to the water column. The oxidizable fraction (F3) of the anoxic sediments could 
be particularly affected by resuspension events. 

Coynel et al. (2007) reported that up to 50 cm depth of Cajarc and Temple reservoir sediments 
could be resuspended during a major (1 in 100 a) flood event. Rough estimates were made of 
potential trace metal release into the water column from sulfide phases for two scenarios: (1) 
50 cm depth of sediment resuspended and (2) total resuspension of the sediments. These 
estimations were done assuming a negligible contribution of OM to the F3 fraction (as 
discussed earlier). According to data for sediment depths in Cajarc and Temple reservoirs 
reported in Lapaquellerie et al. (1995) and the present authors’ observations, it was assumed 
that a 50 cm depth resuspension of sediment would correspond to a resuspension of 2/5 
(Cajarc) and 2/3 (Temple) of the sediment pile. For the Cajarc sediments, the following 
average contribution of the F3 fraction to TMC was used: 65% (Cd), 59% (Zn), 40% (Cu), 
and 22% (Pb). However, for the Temple sediments, two average contributions of the F3 
fraction were considered for each scenario in order to take into account the depth variability 
of the oxidizable fraction ([Fig. 7] and [Fig. 8]). For scenario 1, the following average F3 
contributions were used: 26% (Cd), 21% (Zn), 15% (Cu), and 3.5% (Pb) for the 0–25 cm 
depth interval and 35% (Cd), 44% (Zn), 25% (Cu), and 13% (Pb) for the 25–50 cm depth 
interval. Each depth interval was considered as representing 50% of the sediments potentially 
resuspended. For scenario 2, the 0–25 cm depth interval was assumed to represent 1/3 of the 
sediments potentially resuspended and the same contributions of the F3 fraction as for 
scenario 1 were used. The following contributions of the F3 fraction were considered for the 
25–75 cm depth interval which is assumed to represent 2/3 of the resuspendable sediments: 
36% (Cd), 39% (Zn), 23% (Cu), and 13% (Pb). The potential release of trace metals into the 
water column from oxidation of sulfide phases was then estimated for the Cajarc and Temple 
reservoirs (Table 5) using these average F3 fraction contributions and the trace metal 
inventory reported in Audry et al. (2004b). 

Combining resuspension-induced release of trace metals in the Cajarc and Temple reservoirs 
suggests that about 870 t of Zn, 25 t of Pb, 18 t of Cd and 17 t of Cu could be released to the 
Lot River during a major flood event (scenario 1). These amounts of trace metals are 13-fold 
(Cd), 6-fold (Zn), 4-fold (Pb) higher than and 2/3 (Cu) of the respective mean annual inputs of 
dissolved trace metals into the Gironde estuary (i.e. 137 t a–1 for Zn, 40 t a–1 for Cu, 5.8 t a–1 
for Pb and 1.3 t a–1 for Cd; Masson et al., 2006). Total resuspension of Cajarc and Temple 
sediments (scenario 2) would lead to the release of 1540 t of Zn, 51 t of Pb, 33 t of Cd and 
31 t of Cu. These amounts of trace metals are 25-fold (Cd), ~10-fold (Zn, Pb) higher than and 
similar to (Cu) the respective mean annual inputs of dissolved trace metals into the Gironde 
estuary. However, for either scenario 1 or 2, the final amounts of dissolved trace metals 
released into the water column would depend on the reactivity of the carrier phases and 
competition between release and removal processes: For example, formation of metal–organic 
complexes with hydrophobic (C18-extracted) organic phases in the water column of the Lot 
River (Lemaire et al., 2006) could contribute to partly stabilize dissolved trace metals (e.g. Cu, 
U) and thus favor their export to the Gironde estuary in the dissolved phase. However, one 
cannot exclude that part of the resuspended sulfide phases would rapidly settle down (low 
energy areas) before having released all of the potentially-releasable trace metals, although 
once these particles reach the Gironde estuary they would be expected to undergo intense 
sedimentation/resuspension cycles (Abril et al., 1999). Precipitation in the water column of 
Fe- and Mn-oxyhydroxides using dissolved Fe and Mn, either derived from solid sulfide 
oxidation or pore water from sediments (e.g. [Simpson et al., 1998], [Simpson et al., 2000] 
and [Saulnier and Mucci, 2000]) could also induce scavenging of released trace metals by the 



freshly precipitated Fe- and Mn-oxyhydroxides. Scavenging of dissolved trace metals could 
also be enhanced by sorption onto clay minerals present in SPM. Regarding Pb, resuspension-
induced precipitation of low-soluble Pb-sulphate (e.g. anglesite) would likely occur at hour- 
or day-scales (Marani et al., 1995) in the water column. This would favor Pb scavenging and 
back settling to the sediment thus moderating Pb export to downstream areas. Although under 
oxic freshwater conditions most of these processes would tend to decrease the part of 
dissolved trace metals transported into the Gironde estuary, the impact of trace metals 
released from reservoir sediments and transported to the coastal zone will mainly depend on 
their recycling and transformation in the estuarine geochemical gradients (e.g. salinity, redox, 
turbidity; [Robert et al., 2004], [Audry et al., 2006a] and [Audry et al., 2007]). 

5. Conclusions 

This study of sediment cores from three reservoirs of the Lot River indicates a profound 
anthropogenic, mining waste-related impact on the chemical partitioning of trace metals in 
reservoir sediment upstream and downstream of a mining/smelting activity impacted 
watershed. This point source provides trace metal-rich particles characterized by 
heterogeneous mineral compositions with highly variable contents of trace metals. The main 
trace metal-bearing phases included zincian spinels, silicates and secondary sulfates. 

Post-depositional redistribution of trace metals in reservoir sediments is related to bacterially-
mediated organic matter oxidation and accompanying processes, including dissolution of the 
initial trace metal-bearing phases and subsequent sequestration by authigenic sulfide phases. 
Enhanced post-depositional redistribution in the downstream sediments is ascribed to greater 
supplies (derived from the weathering of the mining/smelting wastes) at the water–sediment 
interface of (i)  promoting more efficient organic matter oxidation, and authigenic 
sulfide formation and (ii) highly reactive trace metal-bearing particles. Accordingly, SEM–
EDS and EMPA analyses indicate that the main trace metal-bearing phases in these sediments 
are represented by Zn- and Fe-sulfides, but trace metals are also sequestered in Zn-sulfates, 
Fe-oxyhydroxides and, to a lesser extent, in herited zincian spinels. 

Deeper in the contaminated reservoir sediments, trace metal sequestration by authigenic 
sulfides represents only a temporary sink (as long as the sediments remains anoxic), due to the 
risk of sediment resuspension by natural (floods) and anthropogenic (dredging, dam flush) 
events, inducing oxidation of these reduced phases and thus mobilization of the associated 
trace metals. It was estimated that the amounts of trace metals possibly mobilized due to 
sediment resuspension during a major flood event from the two studied downstream 
reservoirs in the Lot River could be 13-fold (Cd), ~6-fold (Zn), 4-fold (Pb) the mean annual 
inputs of the respective dissolved trace metals into the Gironde estuary. This work shows the 
value of including mineralogical characterization of the solid phases in studies dealing with 
environmental impacts of anthropogenic activities in river sediments. Mineral characterization 
provides valuable information on the presence of reactive authigenic phases in the sediment 
and on the way primary and/or secondary mineral phases of anthropogenic origin can be 
weathered and release trace metals during diagenetic processes. This work clearly highlights 
the need for sediment management strategies taking into account the specific geochemical and 
mineralogical processes occurring in mining-impacted reservoir sediments that bear severe 
risks to water quality of various aquatic systems at the global scale. 
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Figures and Tables 
 

 
 
Fig. 1. Map of the study area and location of the sampling sites (Marcenac, Cajarc, Temple) 
shown as open stars. 



 
 
Table 1. Operating conditions applied for the selective extraction procedures.  

Fraction Sample 
weight (mg) Reagents Shaking time, 

temperature References 

• F1 – exchangeable/carbonate 500 10 mL NaOAc 1 M + HOAc 
(pH = 5) 5 h at 25 °C Tessier et al. 

(1979) 

  pH adjustment with HOAc 
5 M during the extraction   

• F2 – Fe/Mn-oxides 
(reducible) 200 12.5 mL ascorbate solution 

(pH = 8) 24 h at 25 °C Kostka and Luther 
(1994) 

• F3 – organic matter/sulfides 
(oxidizable) 1000 8 ml H2O2 30% m/v + NaOH 

(pH = 5) 2 h at 85 °C Tessier et al. 
(1979) modified 

  then 3 mL H2O2 30% 
m/v + NaOH 2 h at 85 °C by Ma and Uren 

(1995) 

  then 5 mL NH4OAc 
1 M + 20 mL H2O milli-Q 30 min. at 25 °C  

• TMC – total metal content 30 HCl 12 N + HNO3 14 N + HF 
26 N 2 h at 110 °C Schafer et al. 

(2002) 

 
 
 
 
 
Table 2. Bulk composition (mg kg−1) of selected samples from the waste areas.  
 Na Mg K Ca Mn Fe Cu Zn As Cd Pb 

W–I 164 249 1120 9140 1004 67770 1380 16790 1140 67 3470 

W–II 451 581 3190 30780 489 22570 667 11830 2150 52 8750 

W–III 462 2870 1280 9550 561 12850 1670 20810 180 103 2520 

 



 
 
Fig. 2. XRD patterns of representative samples from the smelting waste areas (W–I, W–II, 
W–III) located in the Riou Mort River watershed. Abbreviations: An = anglesite; Brt = Barite; 
Fe-sulf = Fe-oxyhydroxysulfate; Gp = gypsum; J = Jarosite; Mgt = Magnetite; 
Phl = Phyllosilicates; Sp = sphalerite; Wi = willemite. 
 
 



 
 
Fig. 3. BSE microscope images of representative trace metal-bearing phases from the 
smelting areas in the Riou Mort watershed (A, B, C) and in the reservoir sediments of Cajarc 
(D, E, F). Image D shows the hydration of sphalerite in the center to a phase approximating 
the composition of goslarite on the edge. 
 



Table 3. Representative EMPA compositions (wt.%) of the major trace metal-bearing phases 
in the smelting areas and in the reservoir sediments. Amounts of Fe2+ and Fe3+ in the formula 
of spinel-group phases were calculated by charge-balance.  

 Smelting area 
 

 Reservoir sediments 
 

 

Anglesit
e-barite 
solid 
solution
a 

Angl
e-site 

Hemimorph
itea 

Zincian 
spinela 
(Franklini
te-type) 

 

Alter
ed 
zincia
n 
spinel
a 

Goslarit
ea 

Spheric
al Fe 
oxidea 

Fe 
oxyhyd
r-oxide 

 Sphaleri
tea 

ZnO – 1.5 58.2 31.3 ZnO 20.4 28.1 0.7 2.1 Z
n 65.0 

SiO2 0.2 0.7 22.8 – SiO2 1.5 2.4 – 2   

FeO – 0.3 5.2 0.1 FeO 5.6 0.4 – 82.5 F
e 0.5 

Fe2O
3 

– – – 64.8 Fe2O
3 

44.3 – 96.5 –   

Al2O
3 

0.1 0.2 0.6 0.1 Al2O
3 

0.6 0.5 – 0.7   

PbO 41.8 66 – 0.4 PbO 0.7 – 0.4 0.3   

BaO 22.4 8 0.3 0.1 BaO 0.6 – – 0.1   

SO3 29.9 23.7 0.3 – SO3 – 21.9 – 0.2 S 33.0 

CaO 1.5 0.5 0.2 0.1 CaO 0.2 0.9 0.2 0.1   

Na2
O – – 1.4 0.9 Na2

O 0.7 0.6 – 0.2   

K2O – – – – K2O 0.2 0.1 – –   

Mg
O – – 1.3 0.5 Mg

O – 0.1 – 0.2   

TiO2 – – 2.2 – TiO2 – 0.1 0.1 –   

Mn
O – – 0.1 0.7 Mn

O 0.2 – 0.6 0.3   

CdO – – – 0.1 CdO 0.7 – 0.94 –   

P2O5 – – – – P2O5 – 2.8 – 0.16   

As2
O3 

– – – – As2
O3 

– 0.2 – 0.16   

CuO – – 0.4 0.3 CuO 0.5 – – 0.41   

Tota
l 96.2 100.9 93.2 99.6 Tota

l 76.3 58 99.5 89.4  98.6 

–: Under detection limit. 

a Phase shown in Fig. 3. 
 



Table 4. Mean ± standard deviation of major element (wt.%), particulate organic carbon 
(POC;%) and total sulfur (Stot;%) concentrations of the sediment cores.  
 Marcenac Cajarc Temple 

 (n = 44) (n = 35) (n = 22) 

SiO2 64.1 ± 7.6 57.1 ± 5.7 63.4 ± 7.8 

A12O3 12.8 ± 2.5 14.9 ± 1.8 12.2 ± 1.8 

MgO 1.3 ± 0.3 1.4 ± 0.2 1.4 ± 0.4 

CaO 1.8 ± 0.6 1.4 ± 0.2 3.6 ± 1.2 

Fe2O3 4.1 ± 1.1 6.2 ± 1.3 4.6 ± 1.2 

MnO 0.09 ± 0.04 0.16 ± 0.06 0.09 ± 0.04

TiO2 0.70 ± 0.08 0.66 ± 0.06 0.70 ± 0.11

Na2O 1.4 ± 0.2 1.1 ± 0.2 1.1 ± 0.2 

K2O 2.8 ± 0.4 3.0 ± 0.3 2.7 ± 0.2 

P2O5 0.20 ± 0.06 0.22 ± 0.07 0.22 ± 0.08

POC 4.2 ± 2.0 5.2 ± 1.9 3.4 ± 2.0 

Stot 0.08 ± 0.03 0.33 ± 0.11 0.13 ± 0.06
 



 
 
Fig. 4. Concentration (wt.%) vs. depth profiles for SiO2, Al2O3 and Fe2O3 in Marcenac (a), 
Cajarc (b) and Temple (c) sediments. 
 
 



 
 
Fig. 5. Concentration–depth profiles for O2, N-species, SO4, Fe and Mn in the pore water of 
the cores from Marcenac (a), Cajarc (b) and Temple (c). Note that for data presentation 
convenience, the vertical scale on each panel is different. ‘Zero’ on the vertical scale 
represents the water–sediment interface (WSI) with positive depth referring to the water 
column and negative depth to the sediment. 
 
 
 
 



 

 
 
Fig. 6. Concentration–depth profiles of dissolved trace metals in the first 15 cm of the cores 
from Marcenac (a), Cajarc (b), and Temple (c). 
 
 



 
 
Fig. 7. Chemical partitioning of Mn, Fe and Zn, expressed as % of the total metal content 
(TMC), in the three sediment cores. Note that the scales for total concentrations of trace 
metals are adapted to the concentration ranges, covering different orders of magnitude. F1: 
exchangeable/carbonate; F2: Fe/Mn-oxides; F3: organic matter/sulfides, RF: residual. 
 
 
 



 

 
 
Fig. 8. Chemical partitioning of Cu, Pb and Cd, expressed as % of the total metal content 
(TMC), in the three sediment cores. Note that the scales for total concentrations of trace 
metals are adapted to the concentration ranges, covering different orders of magnitude. F1: 
exchangeable/carbonate; F2: Fe/Mn-oxides; F3: organic matter/sulfides, RF: residual. 
 



 

 
 
Fig. 9. Comparison between the chemical partitioning of trace metals in suspended particulate 
matter (SPM) and sediments (sedts) in the Marcenac (a) and Cajarc (b) sites. Trace metal 
partitioning in SPM and sediments is similar at the Marcenac site, suggesting low post-
depositional redistribution of trace metals. In contrast, trace metal partitioning in SPM and 
sediments significantly differ at the Cajarc site, showing an increased contribution of the 
oxidizable fraction (F3) in the sediments and therefore suggesting high post-depositional 
redistribution of trace metals due to early diagenetic processes (see text for details). F1: 
exchangeable/carbonate; F2: Fe/Mn-oxides; F3: organic matter/sulfides, RF: residual. 
 



 
Table 5. Potential release of trace metal into the water column in Cajarc and Temple 
reservoirs from sulfide phase oxidation following two sediment-resuspension scenarios (see 
text for details). All figures are expressed in tons.  
  Cd Zn Cu Pb 

Trace metal inventorya Cajarc 23.1 1090 ± 138 111 ± 45 25.4 ± 18.5 

 Temple 55 2750 ± 385 264 ± 116 99 ± 49 

50 cm depth resuspension Cajarc 6.3 269 ± 48 4 ± 4 10 ± 6 

 Temple 11.3 599 ± 119 13 ± 9 15 ± 9 

Total resuspension Cajarc 15 640 ± 115 11 ± 10 24 ± 14 

 Temple 18 900 ± 178 20 ± 14 27 ± 17 
a Data from Audry et al., 2004b. 
 
 
 


